https://dx.doi.org/10.1016/j.envpol.2017.09.040 This is the Pre-Published Version.

=

Speciation, mobilization, and bioaccessibility of arsenic in geogenic soil profile

2 from Hong Kong

4 Jin-li Cui *, Yan-ping Zhao *, Jiang-shan Li?, Jing-zi Beiyuan “, Daniel C.W. Tsang *,
5 Chi-sun Poon ?, Ting-shan Chan °, Wen-xiong Wang °, Xiang-dong Li *°

6 & Department of Civil and Environmental Engineering, The Hong Kong
7 Polytechnic University, Hung Hom, Kowloon, Hong Kong

8 > National Synchrotron Radiation Research Center, 101 Hsin-Ann Road,
9 Hsinchu Science Park, Hsinchu 30076, Taiwan

10 ¢ Division of Life Science, The Hong Kong University of Science and Technology
11 (HKUST), Clearwater Bay, Kowloon, Hong Kong

12

13 Corresponding author.
14 E-mail address: cexdli@polyu.edu.hk (X.-d. Li).
15

16

17

18

19

20

21

22

23

24

25

26

27

28

© 2017. This manuscript version is made available under the CC-BY-NC-ND 4.0 license https://creativecommons.org/licenses/by-nc-nd/4.0/



29

30

31

32

33

34

35

36

37

38

39

40

41

42

43

44

45

46

47

48

49

50

ABSTRACT

The behaviour of arsenic (As) from geogenic soil exposed to aerobic conditions is critical to predict
the impact of As on the environment, which processes remain unresolved. The current study
examined the depth profile of As in geologically derived subsoil cores from Hong Kong and
investigated the mobilization, plant availability, and bioaccessibility of As in As-contaminated soil
at different depths (0 — 45.8 m). Results indicated significant heterogeneity, with high levels of As
in three layers of soil reaching up to 505 mg/kg at a depth of 5 m, 404 mg/kg at a depth of 15 m,
and 1510 mg/kg at a depth of 27-32 m. Arsenic in porewater samples was <11.5 pg/L in the study
site. X-ray absorption spectroscopy (XAS) indicated that main As species in soil was arsenate
(As(V)), as adsorbed fraction to Fe oxides (41-69% on goethite and 0-8% on ferrihydrite) or the
mineral form scorodite (30-57%). Sequential extraction procedure demonstrated that 0.5 + 0.4%
of As was exchangeable. Aerobic incubation experiments exhibited that a very small amount
(0.14-0.48 mg/kg) of As was desorbed from the soil because of the stable As (V) complex structure
on abundant Fe oxides (mainly goethite), where indigenous microbes partly (59 + 18%)
contributed to the release of As comparing with the sterilized control. Furthermore, no As toxicity
in the soil was observed with the growth of ryegrass. The bioaccessibility of As was <27% in the
surface soil using simplified bioaccessibility extraction test. Our systematic evaluation indicated
that As in the geogenic soil profile from Hong Kong is relatively stable exposing to aerobic
environment. Nevertheless, children and workers should avoid incidental contact with excavated

soil, because high concentration of As was present in the digestive solution (<0.1-268 ug/L).

INTRODUCTION
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Arsenic (As) contamination has been widely reported in various environmental matrices, including
groundwater (Fendorf et al., 2010; Guo et al., 2014; Selim Reza et al., 2010), surface water
(Smedley and Kinniburgh, 2002), and soil/sediment (Johnston et al., 2015; Kim et al., 2014).
Arsenic contamination of groundwater systems could be caused by Fe (hydr)oxides reductive
process induced by microbe or water table change in aquifer-soil- sediments system under anoxic
conditions (Fendorf et al., 2010; Smedley and Kinniburgh, 2002), or by the oxidizing process of
As-containing sulphide compounds (e.g., orpiment) when exposed to aerobic conditions

(Polizzotto et al., 2005).

Recent studies have found high concentrations of As in groundwater in the Pearl River Delta
(PRD), with As concentration reaching up to 176 pg/L (Liu et al., 2014; Wang et al., 2012). These
high concentrations of As have been caused by microbial reductive process of Fe oxides under
reducing conditions (negative Eh, e.g., -126 eV, and high DOC, e.g., 35.8 mg/L) (Wang et al.,
2012). The mineral pyrite (FeS>) found in sediment of the PRD (Wang et al., 2012) and another
similar mineral mackinawite (tetragonal FeS) formed during floodplain soil incubation (Burton et
al., 2014) play a role in immobilizing As because the iron sulfide compounds can adsorb As under

anaerobic conditions and slightly alkaline pH (Niazi and Burton, 2016).

A recent soil survey in the Northeast New Territories of Hong Kong showed high concentrations
of As up to 23,400 mg/kg in the soil (HK CEDD, 2015). These high levels in the soil may pose a
severe risk to the environment. The biogeochemical behaviour of geogenic As in soil exposed to
oxygen and the environmental matrix during construction work and soil excavation for urban

development remains unclear.

Once soil is excavated for urban development, geogenic As may be released because of the

competition to adsorb on Fe oxide sites from various inorganic chemicals, organic compounds,
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and com- plex environmental matrices, such as rainwater and plant vegetation (Bergqvist et al.,
2014; Cui et al., 2015b; Liu et al., 2016; Youngran et al., 2007). Under high redox levels of 200—
500 mV exposed to oxygen, the amount of As released from contaminated soil was low, with
arsenate (As(V)) as the major aqueous species (65-98%) (Masscheleyn et al., 1991). When carbon
sources including low-molecular-weight organic acids (LMWOASs) such as citrate are present,
As(V) can be effectively reduced to arsenite (As(II)) by aerobic As-resistant bacteria harbouring
the arsC gene (Corsini et al., 2011; Tian et al., 2015). The reduction from As(V) to As(III) possibly
results in high aqueous As because As(IIl) has a lower affinity than As(V) to Fe (hydr)oxides
(Pierce and Moore, 1982; Smedley and Kinniburgh, 2002). Furthermore, As availability can be
incresded in As-contaminated soil with vegetation because the root organic exudates facilitate the
release of As, which may retard plant growth due to the toxicity of As (Bergqvist et al., 2014; Liu
et al., 2016). Excavated soil particles containing As may be incidentally ingested in the human
body during construction work, and should be evaluated for As bioaccessibility. Recently, various
kinds of polluted soil from mining and smelting sites (Corsini et al., 2011; Kim et al., 2014; Li et
al., 2014; Meunier et al., 2010), cattle dip sites using As-based pesticides (Burton et al., 2014;
Juhasz et al., 2007; Niazi et al., 2011), and e-waste sites (Cui et al., 2017) have been studied,
however, further evaluation is required of the environmental behaviour and mechanism for the

release of As from underground geogenic soil.

The above discussed mobilization, plant availability, and bio- accessibility of As is largely
determined by As chemical speciation in soil (Foster and Kim, 2014; Kim et al., 2014; Niazi et al.,
2011). The general chemical fractions of As in soil can be characterized using a sequential
extraction procedure (SEP) (Wenzel et al., 2001) to evaluate the exchangeable and adsorbed

species at the macroscopic level. Furthermore, synchrotron-based X-ray absorption spectros- copy
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(XAS) was also used to in situ characterize the molecular speciation of As in soils, including
oxidation states, neighbouring atoms, and local distances (Gr€afe et al., 2014; Kelly et al., 2008).
The objectives of this study were: (1) to evaluate the potential release and transformation of As;
and (2) to elucidate the underlying mechanisms controlling the biogeochemistry of the As in the
geogenic soil under aerobic environmental conditions once the soil has been excavated from the

subsurface.

MATERIALS AND METHODS

Soil Collection

A total of 198 soil samples from 16 soil cores (with a maximum depth at 45.8 m below the surface)
were obtained from the Northeast New Territories, Hong Kong, as has been previously re- ported
(HK CEDD, 2015; Li et al., 2017). Hong Kong has humid subtropical weather with an annual
average temperature of 23.3°C and precipitation of 2398.5 mm (Hong Kong Observatory, 2011).
The collected soil columns were wrapped using cling film and capped on site, transported to a
laboratory, and dismantled in the laboratory as quickly as possible. The sectioned soil samples
were passed through a 2-mm sieve, dried at 60°C until the weights were consistent, ground and
mixed homogeneously, and stored in the dark before being analysed. Parts of the soil columns
were trans- ported to the laboratory on ice, and stored at 4°C until incubation experiments and a

spectroscopic analysis could be conducted.

The air-dried samples from different soil columns were divided into three groups according to the
total As concentrations of the risk-based remediation goals, including a low level of 21.8 mg-As/

kg in urban/rural residential soil, a medium level of 73.5 mg-As/kg in public park soil, and a high
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level of 196 mg-As/kg in industrial soil (HK EPD, 2007). After homogeneous blending, the soil
samples were ground and used in further experiments. The average As concentrations in the three
composite soil samples (dry weight) were 55.8 mg/kg (low level), 101 mg/kg (medium level), and

347 mg/kg (high level), respectively (Beiyuan et al., 2017).

Arsenic mobility and bioavailability in soil

The mobility of the As in soil was measured by aerobic incu- bation experiments exposed to the
environmental matrix at 25°C in a shaking incubator. The representative soil samples from a depth
of 18.9—19.6 m from the collected core-3 (Li et al., 2017) containing 1480 mg-As/kg and 32,100
mg-Fe/kg was used for incubation. The incubation experiments and sampling procedure were
performed in triplicate using aseptic techniques. The soil (3 g), which had been stored at °C, was
mixed with solutions (40 mL) containing inorganic salts (10 mM KCI, 10 mM NaNOs3, or 10 mM
NaxSQOs), organic salts (10 mM sodium acetate or | mM sodium salicylate), or synthetic rainwater
(Table S1) - conditions that are commonly found in the natural aqueous/soil matrix (Burton et al.,
2014; Li and Xu, 2007). Formaldehyde at a concentration of 0.04% was added to the control
experiments to inhibit the microbial activities in the soil (Corsini et al., 2011). Because oxygen
was being consumed at an unexpected rate, the bottles, which were placed on a sterile bench, were
opened to the air every three days. During sampling on 7, 14, and 28 days, suspension samples
were collected after the bottles were shaken until the suspension were homogenous, monitored
using a pH meter (Model 225 m, Denver Instrument), centrifuged, and filtrated through a 0.2 um
membrane filter. The TOC in the filtrated solution was detected using TOC analyser (SHIMADZU,

model: ASI-5000 A). After the aqueous samples were collected, the final centrifuged soil samples
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were washed three times using a fresh corresponding solution. The remaining solids were freeze-

dried under a vacuum for further characterization.

To determine As plant availability, the three kinds of mixed soil samples with different As
contamination levels mentioned above were used in the pot experiments. Twelve representative
surface soil (<250 mm, 0—0.50 m) samples selected on the basis of the spatial distribution of the
sampling cores in the study site (HK CEDD, 2015), which are easily inhaled and ingested by
humans, especially children (Juhasz et al., 2007), were evaluated using a simplified
bioaccessibility extraction test (SBET) extraction. More detailed information about the pot

experiments and the SBET extraction can be found in the supplementary data.

Sample analysis

The dried soil and plant samples were digested with concentrated HNO3 and HC1O4 on a hot plate
(Bergqvist et al., 2014; Li et al., 2004) with the NIST SRM 2711a as a reference for recovery rates
for As (105 = 7%) and Fe (88 + 3%). Total As and Fe in all of the samples were analysed using
ICP-MS (Agilent, 7700 Series) or ICP- OES (Agilent, 700 Series), depending on the concentration.
The species of As(Ill) and As(V) were checked using high-performance liquid chromatography

hydride generation atomic fluorescence spectrometry (HPLC-HG-AFS) (Zhang et al., 2013).

Five operationally defined chemical fractions of As in the surface layers from 0 to 1.50 m from
selected cores were analysed using a traditional modified SEP method (Wenzel et al., 2001).
Details of the process are given in the supplementary data. The As phases were operationally
defined into the following five fractions: non-specifically-bound (F1), specifically-bound (F2),

amorphous hydrous oxide-bound (F3), crystalline hydrous oxide-bound (F4), and the residual (F5).
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The solid phase speciation of As and Fe in selected soil samples was done using As K-edge (11,867
eV) XAS spectra at beamline BLO1C1 and Fe K-edge (7112 eV) XAS spectra at beamline BL16A1
at the National Synchrotron Radiation Research Center in Taiwan. Specifically, As K-edge X-ray
absorption near edge structure (XANES) was employed to elucidate the solid phase species of As
(including As(III), As(V), or As-S like species) in the soil. Arsenic K- edge extended X-ray
absorption fine structure (EXAFS) was used to characterize the complex structure of As in the soil
samples. Arsenic references included Na2HAsO4 - 7H20, NaAsQO;, orpiment (As2S3), realgar
(AsS), arsenoypyrite (FeAsS), As(V/III) adsorbed species on goethite (Gt) or ferrihydrite (Fh).
Ten Fe-bearing reference compounds were included: ferrihydrite, goethite, magnetite (Fe3z0a4),
hematite, FeS», scorodite, FeAsS, and FeSO4. More experimental and analytical details can be

found in the supplementary data.

RESULTS AND DISCUSSION

Arsenic distribution in soil cores at different depths

The depth profile patterns of As and Fe in the soil cores are shown in Fig. 1. The results indicated
that As concentration (2.3—1510 mg/kg) varied greatly in different soil cores and across depths,
which is consistent with our previous results showing much heterogeneous distribution with
concentrations ranging from 9.57 to 1985 mg/kg (Li et al., 2017). In general, the observed As
values for the surface soil layer (0—-0.50 m) ranged from 25.0 to 396 mg/kg, with a median

concentration of 68.7 mg/kg.

With regard to the depth profiles, As levels were very heterogeneous in the cores. In particular,

different patterns were observed between “offsite” and “offsite a”, which were only five metres
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apart. Elevated levels of As were observed in three layers of soil at approximately 5 m (where the
highest value was 506 mg/kg), 15 m (highest value of 404 mg/kg), and 27-32 m (highest value of
1510 mg/kg) below the surface, similar to a previous report (Li et al., 2017). These As
concentrations are much higher than those in surface soil in Hong Kong (16.5 + 4.5 mg-As/kg)
(Chen et al., 1997), in background soil in Guangdong province (10.4 mg-As/kg) (Zhang et al.,
2006), and in the earth's mantle and crust (0.05-5.1 mg-As/ kg) (Henke, 2009). A previous study
conducted in the PRD area (Guangzhou, Foshan, and Zhongshan) indicated relatively low
concentrations of As in the sediment cores with depth from 3 to 39.4 m, ranging from 5 to 40
mg/kg, with the highest concentration being found at a depth of ~5 m below the surface (Wang

and Jiao, 2014; Wang et al., 2012).

The As depth distribution in some cores may demonstrate different profiles from those in the three
recognized layers, such as the ~8 m depth layer in column Ola or the ~23 m depth layer in the
column offsite. The distribution of trace elements in soil cores should be determined by the parent
soil matrix and by the history of a site development. The historical use of the land in the study
areas was reviewed with the aid of the historical aerial photo- graphs. No direct association was
shown between human activities and the high levels of As that were detected (HK CEDD, 2015),
especially at depths of up to ~20 m below the surface. Therefore, anthropogenic activities seem
not the source of the As contamination in the study site, which should originate from geogenic

formation.

In addition, high concentrations of Fe along the soil profiles were observed in the collected cores,
ranging from 907 to 26,700 mg/kg, with a median value of 10,800 mg/kg (Fig. 1). The ratios of
As/Fe (mg/g) in the soil varied from 0.3 to 141 (14.4 + 16.9, with a median value of 8.2), much

higher than the values (0.3—1.1) of the sediment where Fe oxides effectively scavenge the
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dissolved As from aquifers (Wang et al., 2012). Other studies also reported that As was principally
retained on Fe oxides with smaller As/Fe ratios (mg/kg) of 1.0-3.0 in the Red River Delta (Eiche
et al., 2010) and 3.2 x 10 to 0.12 in the Hetao Basin (Deng et al., 2011). Although Fe oxides in
soil may acts as a natural carrier of As because of their high adsorption capacity (Datta et al., 2009;
van Geen et al., 2006), the much high content of As in the collected soil still merits further

evaluation of its biogeochemical behaviour.

Sequential extraction procedure and X-ray absorption spectroscopy for speciation of As in

soils

A sequential extraction scheme may indicate various geochemical pools of As on the surface
(labile fraction) of soils or the process of the incorporation (non-labile fraction) of As into the
minerals of the soil, which can partly elucidate the biogeochemistry of As in soils (Datta et al.,
2009). The sequential extraction results (Fig. 2) indicated that As in the soils are primarily
associated with crystalline Fe/Mn/Al oxides (F4), with 56.4 + 15.5% (median value of 54.4%) as
the largest fraction, and then with the residual fraction (F5), with 20.6 £ 11.9% (median value of
16.0%), which is consistent with our previous samples in the near site (Li et al., 2017). The As
incorporated in F4 and F5 should be either co-precipitated into or adsorbed on the Fe/Mn/Al oxides
in the soil matrix (Kim et al., 2014; Root et al., 2009; Wenzel et al., 2001). The As fractions in F4
plus F5 represent the non-labile fractions and are not easily mobilized, because the host minerals
are relatively resistant to the redox change and dissolution (Haque et al., 2008). Previous studies
have also indicated that high concentrations of As in the sequential factions F4 plus F5 results in

low (bio)available As to the solution (Ngo et al., 2016; Niazi et al., 2011).



230

231

232

233

234

235

236

237

238

239

240

241

242

243

244

245

246

247

248

249

250

251

The non-specifically bound fraction (F1) of As was 0.5 £+ 0.4%, representing the lowest fraction of
the total As. Arsenic fraction in F1 represents the easily labile As, which should be critical in
determining As levels in the aquifer (Kim et al., 2014; Wenzel et al., 2001). The specifically bound
fraction (F2) also accounts for relatively low proportions (9.6 + 4.6%) in soil cores, whereas
amorphous hydrous oxide-bound (F3), which made up 12.9 + 8.8% of the total As, is associated
with amorphous Fe hydroxides. Arsenic in fractions of F1, F2, and F3 may be released into aquifers
under the competitive effect of co-existing ions, high pH, or the fluctuation of the redox potential

(Cui et al., 2015b; Fendorf et al., 2010; Smedley and Kinniburgh, 2002; Youngran et al., 2007).

Besides the sequential extraction fraction, the As oxidation state is also important for As
mobilization process because the reduced As(IIl) has a lower affinity to the surfaces of soil
minerals and a higher mobility than As(V) (Pierce and Moore, 1982). Therefore, As oxidation

speciation in the selected soil samples was further evaluated using XANES spectroscopy.

The linear combination fitting (LCF) analysis of the first derivative of XANES spectra indicated
that As(V) was predominant (>98%) in the detected soil samples (Fig. 3, Fig. S2, and Table S2),
with low content of As(IIl) or sulfide bound species (amounting to 1-3% combined). Other
selected soil samples identified using XANES and XPS analysis also showed that As(V) is a major
species, exceeding 90% of total concentrations (Beiyuan et al., 2017). Of the As(V) species, 41—
69% were associated with adsorbed species (41€69% as goethite adsorbed fraction and 0—8% as
ferrihydrite adsorbed fraction) and 30e57% as scorodite mineral, based on the XANES analysis
(Fig. S2). These are relatively stable species (Kim et al., 2014; Meunier et al., 2010). The presence
of these two As(V) associated species coincided with the large non-labile fraction of F4 plus F5 in

soils, as detected in the sequential extraction analysis.
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The dominance of As(V) in the soil samples may reflect the oxidizing aquifer in the study site. In
one study from Bangladesh, As was mainly As(V) (e.g. 78-90% in As(V)) and As(IIl), with no
As-S in subsurface sediments (1-3 m depth) (Datta et al., 2009). In sediment collected from an
oxidized zone (Root et al., 2009), contents of As(V) exceeding 98.7% were observed, which is
consistent with our study. Much lower percentages of sulphide bound As (<2%, Table S2) was
observed in the analysed samples. The relatively stable As(V) rather than the As(IIl) in the
oxidizing matrix, together with the abundant Fe oxides, could substantially limit the mobilization
of As from soil (Smedley and Kinniburgh, 2002; Watts et al., 2014). During this study, four
porewater samples were available, showing less than 11.5 mg/L As coexisting with 5.5-27.2 mg/LL
Fe (Table S4). The low As concentration in the soil porewater is consistent with the orange colour
of our soil samples, which often indicates the presence of abundant amounts of Fe(III) oxides and

low concentrations of organic matter (Fendorf et al., 2010; van Geen et al., 2006).

Previous studies have often suggested that As in sediment is primarily in As(III) rather than As(V).
For example, 55% of As(Ill) and 17% of orpiment-like species with 28% in As(V) were
found in sediments in Bangladesh at a depth of 30 m (Polizzotto et al., 2005). Abundant As-
sulphide species (~30-80%) were also found in organically rich layers in Nepal (Johnston et al.,
2015), where, under relatively stable reducing conditions, authigenic FeS2 often plays a critical
role in controlling aqueous As. In the PRD, a study was conducted using XANES to investigate
the As speciation in soil (Wang et al., 2013), where As(V) was found at a percentage of 23% at a
depth of 17.4 m and As(V) at 46% was found at 18.5 m, while other species were As(I1I) (23—-36%)
and arsenopyrite (30—41%). The co- existence of the various oxidation states of As can be caused
by the properties of the soil/sediment and by a complex aquifer system, where the As is subjected

to fluctuating redox conditions (Johnston et al., 2015; Smedley and Kinniburgh, 2002).
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The analysis suggested that under undisturbed conditions the high As content in soil may not be
easily desorbed or released due to the strong ability of As to bind with Fe oxides, including ferri-
hydrite, goethite, and hematite (Datta et al., 2009; Root et al., 2009; Selim Reza et al., 2010),
especially in the case of oxic aquifers where low As concentrations are often found in groundwater
(Guo et al., 2014; Masscheleyn et al., 1991; Root et al., 2009). Although the As in the soil seems
stable, the biogeochemistry of the As may be influenced by external nutrients, including nitrate,

sulphate, and some organic chemicals in the aquifer caused by recent human activities.

Arsenic mobility and speciation change during soil incubation

During the soil incubation, 10.5¢36.0 pg-As/L was observed in all of the suspensions at 8 days,
with the exception of the salicylate- treated solution, which contained 111 pg/L As (Fig. 4-1),
exceeding the WHO drinking water standard of 10 pg/L. The common anions, including chloride,
nitrate, sulphate, and acetate, often compete with the mobilizable As fractions for mineral surface
sites in the soil, showing no obvious dissolution effect on Fe oxides (Mohapatra et al., 2005;
Youngran et al., 2007). As the days went by in the 28- day sampling period, the initial As that had
been released in the first few days was re-adsorbed on the soil, leaving 5.0 - 24.1 pg/L As in the
final suspension. The total amount of As desorbed in 28 days 0.14 - 0.48 mg/kg, 0.01 - 0.03% of
the total As in the soil) was slightly less than the exchangeable fraction (1.63 mg/kg) of the original
soil. Aqueous Fe was also observed in the range 86.6 - 219 pg/L for the treatment by the common
anions (Fig. 4-III). In this study, the markedly lower desorption (leaching) of As from the soil can
largely be attributed to the less available As characterized by the SEP and XANES. In the
suspension, As(V) was the primary species in all of the incubated suspensions, with only 0.6 - 1.3

ng/L of As(II) in the salicylate-treated samples. Under an oxic matrix, aqueous As(V) displays a
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stronger affinity than the common anions to adsorb on Fe oxides (Cui et al., 2015b; Masscheleyn
et al.,, 1991; Youngran et al., 2007). The predominance of As(V) in the soil also alleviated the
mobilization of As from the soil, especially under slightly acidic pH conditions (4.62 - 6.41 in the
treated incubation and 4.31 - 5.57 in the sterilized control, as shown in Fig. S4) (Masscheleyn et
al., 1991). The few mg/L of As remaining in the suspension at 28 days were at equilibrium be-
tween the suspension matrix and the solid surface. Of these, 5.3 + 2.5 pg/L of As in the KCI
treatment was at approximately a similar level of magnitude as the As detected in the collected

porewater samples (less than 11.5 pg/L, Table S4).

The addition of salicylate significantly increased the desorption of As (1.48 mg/kg) from the soil
in comparison with the common anions, i.e., leaving 102el111 mg/L in the suspension during the
incubation period (8 - 28 days, Fig. 4-I). A longer incubation time brought little change in the As
concentrations in the salicylate suspension. A high concentration of 680 pg/L Fe was observed in
the suspension (Fig. 4-1II), which was probably caused by salicylate combining with the Fe oxides
in the soil (Li and Xu, 2007), which would result in the release of As into the aquifer, as identified
by the positive association of aqueous Fe and As (Figs. S5el). Furthermore, salicylate can strongly
chelate with aqueous Fe and form relatively stable complexes (Alvarez-Ros et al., 2000), which to

some extent would inhibit the precipitation of fresh Fe oxides (Haas and Dichristina, 2002).

Iron species in the original and treated soil samples were analysed using Fe K-edge XANES (Fig.
S3 and Table S3). The results indicated that the original soil was primarily composed of goethite
(65%), with a few other oxides including ferrihydrite (18%), hematite (5%), and scorodite (11%).
The scorodite observed from the Fe XANES analysis is consistent with the discovery of scorodite
from the As XANES analysis. After treatment, although goethite (59¢70%) still dominated in the

soils, the amount of ferrihydrite had increased slightly to 27% after incubation, compared with the
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original fraction (18%). A slightly higher percentage of ferrihydrite was found in the microbial
incubation in comparison with the sterilized control. The slightly higher level of ferrihydrite in the
soil after incubation indicated that the Fe ions that had initially (microbially or chemically) been
released from the soil had been re- adsorbed on the soil, forming the amorphous ferrihydrite. These
processes facilitated the re-adsorption of the aqueous As to the soil, consistent with the slightly
increasing amount of the adsorbed As(V) on ferrihydrite from 8% in the original soil to 8 - 25%

after soil incubation (Table S2).

The addition of LMWOAS or nutrients to soil might facilitate the culture of the indigenous microbe.
Previous studies also observed that the microbial reduction of Fe(Ill) (hydr)oxides can occur in
soil during aerobic incubation using LMWOAs or soil organic matter as a carbon source, which
may release the Fe-bearing As (Bongoua-Devisme et al., 2013; Kuhn et al., 2013). Nevertheless,
a previous study indicated that the indigenous microbe in the sediment at a depth of 30 m resulted
in less As desorption in anaerobic incubation than was observed in the abiotic control (Polizzotto
et al., 2006). The varying significance of the indigenous microbe on As desorption/release from

the sediment may be influenced by their abundance, cultivability, and soil/suspension chemistry.

In the sterilized soil, the concentration of aqueous As decreased significantly by 59 = 18% in
comparison with the respective incubation without sterilization over the experimental period (28
days) (Fig. 4-1&II). The results of the comparison suggest that the release of As from the soil is
partly promoted by the indigenous microbe, and not only by the chemical leaching process. The
release of Fe also decreased after sterilization during the first 15-day incubation (62 + 26%, Fig.
4-1I&1V). After 28 days, aqueous Fe was present in the suspension at the much lower
concentration of <20 pg/L for all treatments with no significant association with aqueous As (Fig.

S5- 1), with the exception of the treatment with strong chelate salic- ylate (0.23 - 0.29 mg/L). The
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general depletion of Fe in the sus- pension was likely caused by the rapid precipitation of Fe ions

into Fe oxides in an aerobic circumneutral environment (Cui et al., 2015a; Kuhn et al., 2014).

Arsenic oxidation states and molecular structures in the soil during incubation should provide
important information for elucidating the biogeochemical behaviour of As. The XANES anal- ysis
indicated that there was still a major fraction (95 - 100%, Table S2) of As(V) in the incubated soil
(Fig. 5-I). Arsenite in the incubated soil (ND - 5%, Table S2) slightly increased in comparison
with the level in the original soil sample (1%). The increase of As(IIl) in the soil can be attributed
to some microbial reductive reactions, although the percentage of As(I1I) was around the detection
limit of 5 - 10% using XANES LCF analysis (Foster and Kim, 2014). On some occasions during
oxic incubation, the Fe oxide in the soil can be aerobically reduced by microbes (Kuhn et al., 2013),
and the associated As (primarily in As(V)) would be released into the suspension. Thereafter, the
aqueous As(V) might be aerobically reduced to As(IIl) by some microbial species containing the
arsC gene, including the Bacillus cereus strain (Corsini et al., 2011), Pantoea sp. IMH (Tian et al.,
2015), and strains of Bacillus sp. M17-15 and Pseudomonas sp. M17-1 (Guo et al., 2015). Only a
few ug/L of As(IIl) were found in the aqueous solution, possibly because As(III) is readily
oxidized in aerobic circumneutral conditions (Smedley and Kinniburgh, 2002). During the 28-day
incubation period, the aqueous As(IIl) and As(V) were re-adsorbed on the Fe oxides in the
sediment (Fig. 4). The re-adsorption of aqueous As(IIl) onto the soil should contribute to an
increase in solid As(III) (Tian et al., 2015), while the possible formation of secondary Fe minerals
such as ferrihydrite (Fig. S3 and Table S3) under oxidized systems would also sequester As
(Tufano and Fendorf, 2008). Nevertheless, the ability of aerobic microbes in the soil to reduce

As(V) to As(III) merits future investigation.
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The molecular structure of the As complex in the soil samples was further characterized using As
K-edge EXAFS (Fig. 5-1I&III and Table 1). The EXAFS analysis of the original soil sample
showed that the first and strongest peak in the FT curve was contributed by four oxygen atoms at
1.67 A. After incubation, the first peak was also fitted with oxygen, as no sulphide-bound species
(Table S2) were observed from the LCF analysis of XANES. The fitting results suggested that 4.22
+0.20 oxygen atoms at 1.69 = 0.01 A contributed to the first strong peaks for all of the soil samples
(Table 1). The fitting results of the first peaks showed little influence from the AsO3 structure, in
which As was coordinated with 2.8 - 3.2 oxygen atoms at 1.76 - 1.78 A (Ona-Nguema et al., 2005;
Watts et al., 2014). The number and distance of the coordinations further demonstrated the
presence of the AsO4 tetrahedral structure (Cui et al., 2015b; Jing et al., 2012; Sherman and
Randall, 2003) in all of the incubated samples, confirming the LCF results from XANES. Twelve
As- O-O-As triangular multiple scattering (MS) paths were implemented in the fit with distances

of 3.05 £ 0.01 A, in accordance with a previous study (Chen et al., 2009).

The second peaks of the incubated soils were fitted with 2.31 + 0.46 Fe atoms at an inter-atomic
distance of 3.22 + 0.02 A (Table 1). The fitted As-Fe distances in the soil samples were similar to
the As-Fe distance (3.27 A) for the adsorbed As(V) on goethite and a little shorter than that (3.32
A) for scorodite, which is reasonable, as the primary species in the soil is the As(V) adsorbed
species on goethite. These fitted inter-atomic distances were similar to those for a previously
reported bidentate binuclear structure on goethite, at 3.23 - 3.24 A (Fendorf et al., 1997), 3.27 -
3.28 A (Jiang et al., 2013), and 3.30 A (Sherman and Randall, 2003). The As-Fe distances were
much shorter than the mono- dentate As-Fe distance of 3.67 A (Sherman and Randall, 2003). Thus,
the geogenic As primarily formed a bidentate binuclear inner- sphere complex on the Fe oxides in

the sediment. No obvious difference was shown from the fitting results for the series of incubation
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samples because the inner-sphere complex structure of As(V) is relatively stable and generally not
influenced by these inorganic and organic nutrients (Jing et al., 2012; Watts et al., 2014). The inter-
sphere adsorption complex is thermodynamically more stable (Sherman and Randall, 2003; Watts
et al., 2014), and limits the release of As into the aquifer, a process that alleviates the potential

human risk from As-contaminated soil.

Arsenic availability under ryegrass vegetation

When excavated soil is piled up or backfilled on the surface of the ground, plants, including grass,
often grow in the soil. The immobile As in soil may be dissolved in soil porewater possibly
facilitated by plant exudates, including various organic acids (Bergqvist et al., 2014; Liu et al.,
2016). Thus, the plant bioavailable fraction of As was studied by cultivating perennial ryegrass

using the three mixed soil samples with different concentrations of As.

After ryegrass was harvested, analytical results (Table S5) showed that the As concentration in the
shoots that were grown in soil with a low level of As was 1.08 = 0.05 mg/kg. Arsenic
concentrations increased to 2.31 + 0.64 mg/kg and 4.14 + 0.35 mg/ kg when the shoots were
exposed to soils with medium and high levels of As, respectively. Similarly, the As content in the
roots also increased from 16.1 £+ 3.2 mg/kg to 96.1 + 18.9 mg/kg as the con- centration of As in
the soil increased (Table S5). The accumulation of As in the ryegrass was generally within the
range reported for non-hyperaccumulators, i.e., 0.31 - 150 mg/kg (Martinez-Lopez et al., 2014) or
1.2 - 95 mg/kg (Raab et al., 2007) in the roots, and 0.21 - 83.4 mg/kg (Martinez-Lopez et al., 2014)
or 0.1 - 5.2 mg/kg (Raab et al., 2007) in the shoots. The amount of As absorbed by a plant is usually

determined by the exchangeable (F1) and the specifically-bound fraction (F2) in the soil (Niazi et
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al., 2011). The As amounts of F1 and F2 increased from 5.1 mg/kg, to 10.7 mg/kg, and to 30.4
mg/kg in the low, medium, and high As-bearing soils, respectively, which may have contributed
to the uptake of As by the plants. During the vegetation experiment, the ryegrass grew well in the
soil (Fig. S6), with no significant differences in biomass under the three levels of As (Table S5),

suggesting that the As-bearing soil had significant non-toxic effect on plant culture.

Arsenic bioaccessibility as determined by a simplified bioaccessibility extraction test (SBET)

for human risk assessments

Excavated As-bearing soil may pose a potential risk to human health in cases of incidental
ingestion, so the relative bio- accessibility of As was evaluated using the SBET assay (Juhasz et
al.,2007,2009). The SBET results showed <0.1 - 268 pg/L in the extract, i.e., <27% (9.5 + 10.5%)
of As in the surface soil was bioaccessible (Table S8). The results indicated that a large proportion
of the total As in the surface soil was not available for assimilation in the gastrointestinal tract
following incidental soil ingestion. The bio- accessibility of As in the soil was relatively low in
comparison with published studies, such as 5.7 - 46.3% in surface soil (Das et al., 2013), 5 - 36%
in mine contaminated soils (Juhasz et al., 2007), and 6 - 89% in railway corridor soil (Juhasz et al.,
2007). Yet, it was slightly higher than the As bioaccessibility in smelter and mine contaminated
soil (0.9 - 11.1%), where the As was mostly associated with amorphous and crystalline iron oxides,

including scorodite (Kim et al., 2014).

The bioaccessibility of As in soil depends on the physical- chemical properties of the soil. An
analysis of the SBET extracts suggests that As bioaccessibility was positively associated with the

concentration of extracted Fe (Fig. S7), suggesting that the dissolution of Fe may contribute to the
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release of As from the soil. An extractant solution with a low pH can dissolve the amorphous Fe
to some extent, and possibly release Fe and the associated As. A paradoxical result with little
association between SBET As bio- accessibility and Fe amounts was found in the soil in a previous
study (Li et al., 2014). Iron oxides or the possible precipitated secondary mineral on the surface of
the soil may adsorb the aqueous As in the gastrointestinal tract, and subsequently decrease the

concentration of As in the suspension (Juhasz et al., 2009; Li et al., 2014).

Therefore, the much lower bioaccessibility of As in the tested soil samples should mainly be
attributed to the stable As species associated with the abundant amorphous and crystalline Fe
oxides (usually with 1 - 10% of the bioaccessibility of this fraction), especially in the form of
scorodite (Kim et al., 2014; Meunier et al., 2010). Nevertheless, children and workers should
beware of incidental ingestion when subsurface soil is excavated during construction work because
of the existence of high levels of As with <0.1 - 268 pg/L (with a medium value of 30.0 pg/L,

Table S6) in the digestive solution.

CONCLUSION

Our study indicates that heterogeneous depth profiles of As in soil cores from Hong Kong, reaching

1509 mg-As/kg, but only <0.1 - 11.5 pg/L for aqueous As was found in the porewater. XAS

characterization indicated that As(V) (>98%) predominates in the soil, and is stably
adsorbed/coprecipitated on abundant Fe oxides or formed crystalline scorodite via a bidentate
binuclear structure, with a very minor fraction in exchangeable fractions, as determined from the
SEP results, which should limit the release of As into water. The stable adsorption complex and

strong binding ability of As on the Fe oxides was demonstrated by a very small amount of As that
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was desorbed from the soil in the aerobic incubation experiments, although, apart from the
chemical leaching process, the indigenous microbe partly (59 = 18%) contributed to the release of
As. Nevertheless, the bioaccessibility of As with <0.1 - 268 pg/L (medium value of 30.0 pg/L) in
the digestive solution still indicates that workers and children should avoid coming into incidental
contact with the soil and ingesting it, especially the high As-bearing soil layers, during the

construction and reutilization stage.
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483  Fig. 1. Depth profiles of As (in black) and Fe (in orange) in soil cores. The label on each panel
484  represents the core number. (For interpretation of the references to colour in this figure legend, the
485  reader is referred to the web version of this article.)
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Fig. 2. Sequential extraction fractionations of As in selected soil samples including 0 - 0.5 m (I),
0.5-1.0m (1), 1.0 - 1.5 m (IIT) from ten soil cores, three blended soil samples (with L representing
low As level, M representing a medium As level, and H representing a high As level) (IV) and
four deep-layer soil samples (Li et al., 2017) (S1 with 1360 mg-As/kg at 19.2 m from core 3, S2
with 935 mg-As/kg at 25.5 m from core 1, S3 with 304 mg-As/kg at 2.25 m from core 1, and S4
with 227 mg-As/kg at 12.5 m from core 3 (IV)).

54
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Fig. 3. Characterization of the As valent states of four selected soil samples using first derivative
XANES (As K-edge): S1 and S4 with the same information in Fig. 2, N2 with 396 mg-As/kg at 1
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m from core 14 b, and N4 with 92.7 mg-As/kg at 0.25 m from the core offsite. XANES data and
linear combination fitting (LCF) spectra are shown using black dots and red lines, respectively.
Two vertical lines in (I) were marked for As(IIl) (NaAsO2) and As(V) (Na2HAsO4-7H20),
respectively. Other As standard references can be found in Fig. S2 in the supplementary data. The
fitted As species in the four samples are shown in Table S2. (For interpretation of the references
to colour in this figure legend, the reader is referred to the web version of this article.)
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Fig. 4. Arsenic (I-II) and Fe (III-IV) concentrations in suspension under soil incubation with a
corresponding sterile control.
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509

510 Fig. 5. Arsenic K-edge first derivative XANES analysis by linear combination fitting (LCF) (I);
511  k’-weighted EXAFS spectra (II) and corresponding Fourier-transform magnitudes (III) (k-range
512 3-12 A™) of the original and incubated soil samples by shell-shell fitting. EXAFS data and LCF
513  spectra are depicted using black dots and red lines, respectively. Two vertical lines in (I) were
514 marked for As(Ill) (NaAsO2) and As(V) (Na2HAsO4$7H20), respectively. Two standard
515 references are also presented, namely, scorodite (crystalline FeAsO4) and the adsorbed As(V)
516  species on the primary Fe oxide (goethite, Gt, as identified by the Fe K-edge XANES analysis in
517  Fig. S3). The peak positions in panel III were not corrected for the phase shift and they deviated
518  from the true distance by 0.3 - 0.5 A; detailed information is given in Table 1. (For interpretation
519  of the references to colour in this figure legend, the reader is referred to the web version of this
520 article.)

521
Table 1
Arsenic K-edge EXAFS fitting results of the original and treated soil.
Sample As-O As-0-0 As-0-Fe R factor
CN R(A) o (A?) CN R(A) CN R(A) o (A%)
As(V) on Goethite 400 (1) 1.67 (5) 0.004 (1) 12 3.03 1.70 (1) 3.27 (4) 0.002 (0) 0.017
Scorodite 423 (1) 1.68 (8) 0.002 (3) 12 3.04 292(3) 3.32(2) 0.003 (7) 0.012
Original sediment 423 (4) 1.69 (0) 0.002 (2) 12 3.04 2.80(6) 3.22(2) 0.011 (8) 0.008
KCl 427 (2) 1.69(9) 0.002 (4) 12 3.05 2.01(6) 3.23(7) 0.004 (7) 0.010
KCl CK. 3.90 (8) 169 (7) 0.002 (5) 12 3.05 221(2) 3.21(2) 0.014 (1) 0.010
Nitrate 419 (1) 1.69 (5) 0.002 (8) 12 3.05 250 (1) 3.22 (1) 0.008 (0) 0.011
Nitrate CK 429 (0) 1.68 (7) 0.002 (3) 12 3.04 233(7) 3.24 (6) 0.007 (6) 0.009
Sulphate 438 (7) 1.69 (0) 0.002 (6) 12 3.04 1.67 (8) 3.22(7) 0.005 (5) 0.011
Sulphate CK 427 (2) 1.69 (4) 0.002 (5) 12 3.05 224(2) 3.21(5) 0.007 (0) 0.008
Acetate 417 (7) 1.69(7) 0.002 (8) 12 3.05 231(6) 3.22(2) 0.004 (8) 0.008
Acetate CK 4.40 (4) 1.67 (7) 0.002 (3) 12 3.03 191(2) 3.26 (3) 0.006 (2) 0.011
Salicylate 469 (3) 1.68 (6) 0.003 (4) 12 3.04 1.74(2) 3.26 (3) 0.006 (5) 0.012
Salicylate CK 3.91 (5) 1.70 (6) 0.001 (7) 12 3.06 2.81(6) 3.22 (6) 0.003 (9) 0.012
Rainwater 419 (3) 1.69 (4) 0.002 (5) 12 3.05 3.01(6) 3.22(2) 0.010 (7) 0.010
Rainwater CK 4.20 (4) 1.70 (6) 0.003 (2) 12 3.06 276 (3) 3.19(1) 0.008 (9) 0.012
CN: coordination number; R(A): mean half path length: a%(A%): Debye-Waller factor; R factor — Si(datai - fiti)/3 idata; CN of As-0-O multiple path was fixed as 12 multiple
scattering paths. The estimated parameter uncertainties for each parameter are listed in parentheses, representing the errors in the last digit; values without reported errors
were fixed during fitting.
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