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A B S T R A C T

Mercury (Hg) is a highly toxic element, which is frequently enriched in flooded soils due to its anthropogenic
release. The mobilization of Hg and its species is of ultimate importance since it controls the transfer into the
groundwater and plants and finally ends in the food chain, which has large implications on human health.
Therefore, the remediation of those contaminated sites is an urgent need to protect humans and the environ-
ment. Often, the stabilization of Hg using amendments is a reliable option and biochar is considered a candidate
to fulfill this purpose. We tested two different pine cone biochars pyrolyzed at 200 °C or 500 °C, respectively,
with a view to decrease the mobilization of total Hg (Hgt), methylmercury (MeHg), and ethylmercury (EtHg)
and/or the formation of MeHg and EtHg in a contaminated floodplain soil (Hgt: 41mg/kg). We used a highly
sophisticated automated biogeochemical microcosm setup to systematically alter the redox conditions from
~−150 to 300mV. We continuously monitored the redox potential (EH) along with pH and determined dis-
solved organic carbon (DOC), SUVA254, chloride (Cl−), sulfate (SO42−), iron (Fe), and manganese (Mn) to be
able to explain the mobilization of Hg and its species.

However, the impact of biochar addition on Hg mobilization was limited. We did not observe a significant
decrease of Hgt, MeHg, and EtHg concentrations after treating the soil with the different biochars, presumably
because potential binding sites for Hg were occupied by other ions and/or blocked by biofilm. Solubilization of
Hg bound to DOC upon flooding of the soils might have occurred which could be an indirect impact of EH on Hg
mobilization. Nevertheless, Hgt, MeHg, and EtHg in the slurry fluctuated between 0.9 and 52.0 μg/l, 11.1 to
406.0 ng/l, and 2.3 to 20.8 ng/l, respectively, under dynamic redox conditions. Total Hg concentrations were
inversely related to the EH; however, ethylation of Hg was favored at an EH around 0mV while methylation was
enhanced between −50 and 100mV. Phospholipid fatty acid profiles suggest that sulfate-reducing bacteria may
have been the principal methylators in our experiment. In future, various biochars should be tested to evaluate
their potential in decreasing the mobilization of Hg and to impede the formation of MeHg and EtHg under
dynamic redox conditions in frequently flooded soils.

1. Introduction

Soil contamination with mercury (Hg) is a challenging issue for

human and environmental health since Hg and its species are particu-
larly toxic (Pushie et al., 2014; Tipping et al., 2010). Toxicity and
mobility are determined by its chemical speciation as influenced by the
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environmental conditions. It has been shown that the highly toxic
species methylmercury (MeHg; CH3Hg+) occurs naturally where en-
vironmental conditions favor the net methylation of Hg while its in-
dustrial use was limited to some fungicides (Bakir et al., 1973; Beckers
and Rinklebe, 2017; Hunter et al., 1940). Consequently, greater
knowledge on conditions favoring Hg methylation and methods to
impede its formation are needed. It is known that Hg methylation is
primarily performed by anaerobic sulfate-reducing bacteria (SRB)
(Janssen et al., 2016; Parks et al., 2013). Furthermore, it was found that
MeHg concentrations in a flooded soil were particularly high at redox
potentials (EHs) that fall within the range of sulfate reduction (un-
published data). Additionally, materials have to be found that are sui-
table to immobilize MeHg and the second important organic Hg species
ethylmercury (EtHg; CH3CH2Hg+) in soil. Ethylmercury has been
identified in soil samples and it has been suggested that it may exist
widely in the environment (Mao et al., 2010). However, information on
microbial formation of EtHg is lacking (Hintelmann, 2010), and little is
known on other formation pathways and its behavior in natural en-
vironments due to analytical limitations (Kodamatani and Tomiyasu,
2013; Lusilao-Makiese et al., 2016; Mao et al., 2010). Floodplain soils
occupy a critical position among Hg polluted soils as they are subject to
periodic inundations which can promote low redox conditions, Hg
methylation and mobilization of Hg species (Beckers and Rinklebe,
2017). Particularly organic-rich floodplain soils have been identified as
Hg methylation sites and sources for enhanced MeHg contribution to
adjacent streams (Devai et al., 2005; Lázaro et al., 2016; Roulet et al.,
2001).

Ways to either remove Hg or to efficiently immobilize it by trans-
forming it into its most stable and least toxic forms in situ are required
(Cassina et al., 2012; Ullah et al., 2015; Wang et al., 2013; Xu et al.,
2015). The utilization of soil amendments is one possible remediation
technique to diminish Hg mobility in soil (Shu et al., 2016a; Šípková
et al., 2016; Zhu et al., 2015). Among these amendments biochar seems
promising owing to its positive properties: Its production from organic
waste materials is cost-efficient and it may fertilize the soil while si-
multaneously immobilizing Hg species (Shu et al., 2016a). Biochar is a
carbon-rich material which is produced via pyrolysis of agricultural bio-
waste such as wood chips, crop straw or vegetable waste under oxygen
limitation (Ahmad et al., 2017; Ahmad et al., 2014; Igalavithana et al.,
2017). Its potential to remove Hg from solution (Kong et al., 2011; Xu
et al., 2016) and combustion flue gas (Klasson et al., 2014; Shen et al.,
2017; Tan et al., 2011; Yang et al., 2016), and to reduce the MeHg
levels in rice grains (Shu et al., 2016b), or to immobilize MeHg in soil
(Shu et al., 2016a) has already been demonstrated. Still, different
feedstocks, pyrolysis temperatures, and functionalizations warrant ex-
amination to identify additional biochars with high Hg sorption po-
tential (Park et al., 2019; Xia et al., 2019; Zhang et al., 2019).

Therefore, our objectives were (i) to examine the impact of pre-
defined redox conditions on the release dynamics of dissolved Hgt,
MeHg, and EtHg in a contaminated floodplain soil treated with biochar
pyrolyzed either at 200 °C (BC200) or 500 °C (BC500), and non-treated
(control), (ii) to identify the underlying redox-driven processes me-
chanistically with particular emphasis on parameters which are thought
to affect Hg methylation, (iii) to quantify the efficiency of both biochars
as immobilizing agents to reduce the concentrations of Hgt, MeHg, and
EtHg in soil solution, and (iv) to determine the relationship between
shifts in Hg species and alterations in the soil microbial community
structure as identified by phospholipid fatty acid (PLFA) analysis.

2. Materials and methods

2.1. Soil sampling and characterization

The sampling site is located in North Rhine-Westphalia, Germany, in
a Hg-polluted Wupper River floodplain close to the Wupperinsel nature
reserve at the lower course of the river (2568987 E, 5659539 N;

51°4′0.449″N, 6°59′0.718″E). The floodplain is periodically inundated,
typically in spring, and cultivated as grassland. A soil profile within the
floodplain was excavated before and described in detail (Frohne and
Rinklebe, 2013). The soil was classified as Eutric Fluvisol according to
IUSS (2015). The Hgt content of the soil horizon within 26 to 40 cm was
41.0mg/kg, which substantially exceeds the applicable action value
(2mg/kg) of the German Federal Soil Protection and Contaminated
Sites Ordinance in relation to plant quality for the soil – plant transfer of
metals on grasslands (BBodSchV, 1999). Therefore, soil material was
collected from this depth from a 4 m2 area and homogenized in one
composite sample.

Soil properties were determined following standard methods de-
scribed in Blume et al. (2011). Soil pH was measured according to DIN
EN 15933 (2012). Pseudo total metal concentrations within subsamples
of CS, BC200, and BC500 were measured by inductively coupled plasma
optical emission spectrometry (ICP-OES) (Ultima 2, Horiba Jobin Yvon,
Unterhaching, Germany) after subsample digestion in a microwave
system (MLS 1200 Mega, MLS GmbH, Leutkirch, Germany) following
U.S. EPA Method 3051A (2007). Total Hg was determined with atomic
absorption spectrometry (AAS) using a DMA-80 direct mercury ana-
lyzer (MLS GmbH, Leutkirch, Germany). The Hg species MeHg and
EtHg were analyzed using gas chromatography with atomic emission
detection (GC-AED) (HP 6890, Agilent, Waldbronn, Germany - jas
2350, jas GmbH, Moers, Germany). Sample aliquots were adjusted to
pH 4.5–5 by addition of an acetic/acetate buffer and sodium tetra-
propylborate for derivatization. More detailed information on the
analytical procedures is provided in the Supporting Information.

2.2. Biochar production

Fallen pine cones were collected at the Kangwon National
University, Chuncheon, South Korea, and dried in a greenhouse before
biochar production. The dried pine cones were ground and sieved
through a 2mm sieve. Biochar production was carried out by a heating
program in a muffle furnace (LT, Nabertherm, Lilienthal, Germany)
under limited supply of air. The heating rate was 7 °C/min, and the
holding time at the desired temperature (200 °C or 500 °C) was 2 h. The
biochar was cooled down to 30 °C inside the muffle furnace
(Igalavithana et al., 2017). By this, two biochars were produced, pyr-
olyzed either at 200 °C (BC200) or 500 °C (BC500).

2.3. Soil and biochar characteristics and soil incubation

Major properties of the soil and the used amendments BC200 and
BC500 are given in Table 1. Silt constituted the main fraction of soil
texture and the soil was found to be slightly acidic (pH 6.4). The soil
had a high organic carbon content (7.1%) and a high content of Hgt
(31.2 ppm). The high Hg content can be attributed to discharges from
metal industries such as electroplating, the production and use of Hg-
containing fungicides, the production of Hg thermometers, and the
textile industry, particularly from dye factories, during the last cen-
turies in the proximity of the river leading to the contamination of the
water, the sediments, and the floodplains of the Wupper River (Frohne
and Rinklebe, 2013; Frohne et al., 2012; Schenk, 1994). Soil MeHg
content (0.44mg/kg) was very high. In contrast, the EtHg content
(0.10 μg/kg) was slightly lower than levels reported from the Florida
Everglades (Cai et al., 1997; Mao et al., 2010).

Two subsamples of the contaminated Wupper soil were amended
with either BC200 or BC500. Both, BC200 and BC500 were applied to
the subsamples at a rate of 80 t/ha. The soil and the amendments were
mixed thoroughly, subsequently maintained at 70% water holding ca-
pacity and incubated at 25 °C for 40 days. After incubation, the soil was
air-dried and subsequently used for the redox experiment.

F. Beckers, et al. Environment International 127 (2019) 276–290

277



2.4. Experiment under pre-set redox conditions

The impact of dynamic redox conditions on the mobilization of Hgt,
MeHg, and EtHg was determined using an automated biogeochemical
microcosm system in the laboratory. Flooding of the contaminated soil
(CS), contaminated soil+ Biochar 200 (CS+BC200), and con-
taminated soil+ Biochar 500 (CS+BC500) was simulated in the mi-
crocosms (MCs). We worked with four MCs per amendment treatment
to take into account the natural soil heterogeneity. Thus, twelve bio-
geochemical microcosms were used in total.

The biogeochemical microcosm system enables the user to set and
maintain pre-defined redox windows by automatically flushing the
slurry, obtained by continuous stirring of the flooded soil, with oxygen
(O2) or nitrogen (N2) when the EH falls below or exceeds pre-set EH
values. The system has been utilized in several studies (e.g. Beiyuan
et al., 2017). Nine redox windows were set in line with this experiment
covering the range between ~−150 to 300mV. Thus, using the redox
condition ranges classified by Bohn (1971) where the EH range 100 to
400mV=moderately reduced soils; between −100 and
100mV= reduced soils; and –100 to −300mV=highly reduced soils,
redox conditions in the course of the experiment were changed stepwise
from highly reducing conditions to moderately reducing conditions.
The EH was maintained for approximately 24 h within each pre-defined
redox window before sampling. Collected samples were separated in a
liquid and a solid phase by 0.45 μm filtration. Subsamples were ana-
lyzed for Hgt, MeHg, EtHg, dissolved organic carbon (DOC), chloride
(Cl−), iron (Fe), manganese (Mn), sulfur (S), sulfate (SO42−), and PLFA,
while ultraviolet (UV) absorbance at λ=254 nm was determined to
calculate specific UV absorbance at 254 nm (SUVA254). Detailed ex-
periment specific information is provided in Supporting Information
while further technical information on the automated biogeochemical
microcosm system was compiled by Yu and Rinklebe (2011).

2.5. Phospholipid fatty acid analysis

Phospholipid fatty acid analysis was used to assess the microbial
community in the solid material obtained by filtration of the collected
samples. In particular, changes in the SRB community were of interest.
Phospholipid extraction and PLFA analysis were performed on 2 g of
frozen solid material using the procedure described by White et al.
(1979) and Frostegård et al. (1991). The PLFAs were designated fol-
lowing the nomenclature described by Feng et al. (2003). Detailed in-
formation on which PLFAs were considered to identify the SRB com-
munity and further detailed experimental information is provided in the
Supporting Information.

2.6. Calculations and statistical analysis

Redox potential and pH values were automatically recorded by a
data logger on 10min intervals. This dataset was used to calculate the
mean values of EH and pH levels for 3, 6, 12, and 24 h prior to sampling.
Correlation analyses were performed between these EH/pH values and
the mean concentrations of Hgt, MeHg, EtHg, DOC, SO42−, Fe, and Mn,
which were computed by dividing the sum of analysis results for the
individual replications by the number of MCs used per type of soil. The
closest correlations were found for the EH/pH results 6 h before sam-
pling which were therefore used for statistics. The programs IBM SPSS
Statistics 25 and GraphPad Prism 5 were used for descriptive statistics.
SPSS 25 was used for calculating correlations and performing of prin-
cipal component factor analyses. The latter were carried out using the
varimax rotation procedure to make components easier to interpret.
Component plots in rotated space were used to provide a visual re-
presentation of factor analyses loadings plotted in a 2-dimensional
space.

3. Results and discussion

3.1. Soil EH and pH

The observed EH values (EH all) in the slurries of CS and the biochar
treatments (CS+BC200 and CS+BC500) fell within the range of highly
reduced and moderately reduced conditions (Table 2, Fig. 1). The pH
(pH all) values in the slurries varied between very strongly acidic to
neutral (CS and CS+BC500) and slightly alkaline (CS+BC200)
(Table 2). The pH in the slurry of CS and the biochar treatments showed
an opposite behavior to EH (Fig. 1). Therefore, the correlation between
soil EH and pH was negative for the overall trends (r=−0.68;
p < 0.01; n=11,856 in CS; r=−0.72; p < 0.01; n=11,910 in
CS+BC200; and r=−0.79; p < 0.01; n=11,353 in CS+BC500;
data not shown) as well as for the data collected when the microcosms
were sampled (r=−0.70; p < 0.00001; n=36 in CS, r=−0.77;
p < 0.00001; n=36 in CS+BC200, and r=−0.85; p < 0.00001;
n=36 in CS+BC500).

The inverse relationship of pH and EH was expected, presumably
due to the consumption of protons required for the reduction of NO3−,
Mn4+, Fe3+, and SO42− (Reddy and DeLaune, 2008; Yu et al., 2007).
The results indicate that the application of both BC200 and BC500 to CS
exerted no significant influence on the pH in soil slurry, with only a
slightly lower pH found in CS+BC500 (Table 2).

Table 1
Properties and element concentrations (microwave digestion) of the contaminated soil (CS), as well as properties of the biochars BC200 and BC500.

Soil Sand Silt Clay Total carbon Total organic carbon Total nitrogen Total carbonates pHa Hgt Fe Mn Al S

% % % % % % % [mg/kg] [g/kg] [g/kg] [g/kg] [g/kg]

Wupper (CS) 6 92 2 7.06 7.05 0.35 0.04 6.4 31.19 43.8 0.87 18.5 0.99

Biomass Pyrolysis
temperature

Biochar Mobile
matter

Ash Resident
matter

Cb Hb Nb Ob H/C O/C pHc Hgt ECc Surface
aread

APVe APDe

°C % % % % % % % [mg/kg] dS/m m2/g ×10−3m3/g nm

Pine cone 200 BC200 62.35 0.77 35.6 69.74 2.13 1.03 27.09 0.42 0.21 4.15 0.026 0.001 0.47 2.38 45.13
500 BC500 10.01 8.96 79.6 74.64 2.62 1.81 20.94 0.37 0.29 6.77 0.007 0.001 192.97 10.2 2.44

APV, average pore volume; APD, average pore diameter.
a pH determined according to DIN EN 15933 (2012) [H2O].
b Moisture and ash free.
c 1:20 ratio of biochar to deionized water.
d Brunauer-Emmett-Teller (BTE) method.
e Barret-Joyner-Halender (BJH) method.
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3.2. Impact of EH/pH changes on mobilization of Hgt, MeHg, and EtHg in
CS, CS+BC200, and CS+BC500

3.2.1. Impact of EH/pH changes on mobilization of Hgt in CS, CS+BC200,
and CS+BC500

The mobilization of Hgt in the CS was particularly high under low
redox conditions (Fig. 2). Hence, the highest concentrations of dis-
solved Hgt were determined for the first two samplings at EH -92mV
(29 μg/l) and –110mV (28 μg/l).

The high mean concentration found for the second sampling at EH
–110mV was significantly affected by one of the four CS MCs in which
the Hgt concentration increased up to 52 μg/l. The average 6 h EH value
for this MC was slightly lower (4–5mV) compared to the other MCs in
which Hgt declined even though EH values were lower than during the
first sampling. Here, the pH may have had an effect: The pH value of the
MC (6.9) was higher than in the other MCs (6.5; 6.3; 6.3). Mercuric
mercury (Hg(II)) shows a different behavior than most other divalent
metals as its extent of adsorption is greatest in acidic media (Barrow
and Cox, 1992; Pelcová et al., 2010; Sarkar et al., 1999; Yin et al.,
1996). The close link between Hgt dissolution and pH in CS is supported
by a significant positive correlation (Table 3).

However, it is unlikely that the pH was the main influencing factor.
Xu et al. (2014) observed enhanced Hg desorption at pH 5 and 11 but
generally found that pH adjustment was insufficient for Hg removal
since only ≤0.3% of soil Hgt was mobilized at these pH values in their
soil washing experiments. In our study, the relationship between Hgt
and EH in CS was also strong. We found an inverse relationship with
decreasing Hgt concentrations when EH increased. Correspondingly, Hgt
concentrations were found to be higher at the last two samplings when
EH had been lowered again (Fig. 2, Table 3). Moreover, the lowest mean
Hgt concentration (3 μg/l) was determined for the highest mean EH
(282mV).

In general, the pattern of Hgt concentrations found in CS+BC200
and CS+BC500 was similar to the one observed in CS. However, under
highly reduced conditions, at the second sampling, Hgt concentrations
were considerably lower in both biochar treatments (Fig. 2): The mean
Hgt concentration in CS was as high as 28 μg/l while those calculated
for CS+BC200 (16 μg/l) and CS+BC500 (14 μg/l) constituted about
half of the CS value. Even when excluding the MC with the highest Hgt
concentrations in CS the difference would be at least 4.7 μg/l. This is
noteworthy since the pattern of Hgt concentrations in CS and the bio-
char treatments differed by no>2.3 μg/l from EH window 0mV on.
Moreover, the mean Hgt concentration for all measurements was si-
milar in CS, CS+BC200, and CS+BC500 (Table 2). To our knowledge

there is no information available on changing abilities of biochars to
sorb inorganic Hg at varying redox conditions. However, Xu et al.
(2016) revealed that different biochars may sorb Hg via different
complexation mechanisms. They found that Hg sorption by bagasse
(crushed sugarcane stalks) biochar produced at 450 °C was primarily
attributed to the formation of (eCOO)2Hg and (eO)2Hg while hickory
chip biochar produced at the same temperature sorbed Hg by the π
electrons of C]C and C]O induced Hg-π binding. Liu et al. (2016)
noted that Hg removal mechanisms by carbonaceous sorbents include
coordination between Hg and functional groups on/within sorbents,
reduction of Hg(II) to Hg(I) and precipitation, and co-precipitation with
anions. However, they concluded that the chemical binding of Hg to
functional groups such as thiol, hydroxyl, carboxylic and chloride on
the surface of and within biochars appears to be the predominant re-
moval mechanism. Furthermore, it was found that Hg was bound to S in
biochars with high S contents and to O and Cl in biochars with low S
contents (Liu et al., 2016). Dong et al. (2013) found that 23 to 31% of
Hg sorbed by pepper biochars pyrolyzed at 300 °C and 450 °C was as-
sociated with carboxylic and 77 to 69% with phenolic hydroxyl groups.
Contrarily, 91% of the Hg sorbed by pepper biochar pyrolyzed at 600 °C
was associated with a graphite-like domain on an aromatic structure,
with the rest associated with phenolic hydroxyl groups. The loss of
functional groups with increasing temperature due to decreasing H and
O resulted in a lower Hg sorption capacity, indicating that low pyrolysis
temperature was beneficial to the production of biochars with higher
Hg sorption potential (Dong et al., 2013). These results are in agree-
ment with Klüpfel et al. (2014) who found that the pool of redox-active
moieties was dominated by electron-donating, phenolic moieties at the
pyrolysis temperatures 200 and 300 °C, by newly formed electron ac-
cepting quinone moieties at the pyrolysis temperatures 400 and 500 °C,
and by electron accepting quinones and probably condensed aromatics
at the pyrolysis temperatures 600 and 700 °C. Thus, we suggest that
BC200 and BC500 had different moieties due to their distinct pyrolysis
temperatures. However, the Hgt immobilization potentials of BC200
and BC500 were marginal. Compared to CS mean Hgt concentrations
BC200 and BC500 reduced Hgt release by 8% and 23%, respectively.
The biochars primarily reduced Hgt mobilization under highly reduced
conditions around EH –110mV, at one specific sampling. Based on the
chemistry of Hg interactions with DOC and other organic and inorganic
soil components as well as on published results concerning Hg removal
from aqueous solutions by means of biochar (Liu et al., 2018) we ori-
ginally hypothesized that Hg would be immobilized more efficiently by
BC200 and BC500. There are several possibilities why the amendment
of BC200 and BC500 was not that effective in our experiment:

Table 2
Redox potential (EH), pH, concentrations of MeHg and EtHg in the slurry, as well as concentrations of Hgt and other elements/compounds in the slurry filtrate of the
contaminated soil (CS), the contaminated soil plus Biochar 200 (CS+BC200), and the contaminated soil plus Biochar 500 (CS+BC500) during the experiment.

Parameter Unit Contaminated soil Contaminated soil+Biochar 200 Contaminated soil+ Biochar 500

N Minimum Maximum Mean N Minimum Maximum Mean N Minimum Maximum Mean

EH all [mV] 11,856 −126 299 86 11,910 −150 307 80 11,575 −119 302 90
EHa 36 −113 296 75 36 −132 299 74 34 −118 296 82
pH all 11,860 4.9 7.0 5.8 11,915 4.8 7.5 5.8 11,415 4.5 6.9 5.6
pHa 36 4.9 6.9 5.7 36 4.8 6.6 5.7 34 4.5 6.6 5.5
Hgt [μg/l] 36 1.8 52.0 13.0 36 1.0 51.8 11.9 34 0.9 35.3 10.0
MeHg [ng/l] 35 21.3 406.0 87.7 36 11.1 392.0 80.4 34 11.2 210.0 75.5
EtHg 33 3.1 17.1 7.4 34 2.3 17.9 6.9 32 2.8 20.8 7.0
DOC [g/l] 36 1.33 2.80 2.31 36 1.66 2.82 2.33 34 1.31 2.84 2.14
SUVA254 [l/mg C/m] 36 0.07 0.12 0.09 36 0.07 0.19 0.10 34 0.07 0.31 0.11
Cl− [mg/l] 36 50.0 156.3 91.5 36 46.5 157.6 88.0 34 55.1 172.7 98.4
SO42− 36 25.6 76.9 33.4 35 23.8 94.2 37.5 34 23.9 63.9 35.2
Fe 36 0.6 106.9 9.5 36 0.5 183.9 10.2 34 0.4 187.7 18.7
Mn 36 5.7 73.6 30.9 36 7.0 76.1 25.3 34 6.7 70.6 34.5

DOC: dissolved organic carbon.
N: number of samplings/measurements.

a Means of data 6 h before sampling.
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Typically, reduced sulfur groups are in great excess to Hgt content in
soils (Skyllberg, 2012). Thus, the majority of Hg will bind to OM and
metal sulfides while oxygen functional groups at Fe and Al oxyhydr-
oxides as well as the edges of phyllosilicates are indirect adsorbents
(Skyllberg, 2012; Xia et al., 1999). Mercury in soil solution may be in
the form of Hg2+, HgCl+, HgCl20, HgCl3−, HgCl42−, HgClOH, Hg
(OH)+, Hg(OH)20, and Hg-DOC (Han, 2007). However, due to its affi-
nity for reduced sulfur groups, complexes with thiols from DOC will
dominate the speciation of Hg in soil solution (Skyllberg, 2012). Dis-
solved Hg concentrations measured in the course of our experiment
exceeded those typically reported for natural ecosystems (Leopold
et al., 2010). Therefore, it seems likely that Hg was not solely bound to
the small fraction of DOC reactive thiol functional groups but also to
carboxylic functional groups. Findings of Haitzer et al. (2002) indicated
that the binding of Hg to DOM under natural conditions (very low Hg/
DOM ratios) is controlled by a small fraction of DOM molecules

containing a reactive thiol functional group providing strong binding
sites for Hg while carboxyl groups came into play at higher Hg to DOM
ratios. It is noted that pH may influence the dissociation rate of car-
boxylic acids and thereby the number of potential binding sites.

Due to the strong binding between Hg and the reduced sulfur
groups, the mobilization of Hg may be rather influenced more by DOC
than by pH (Wallschläger et al., 1996; Xu et al., 2014). Besides protons,
other cations such as Al3+ may occupy biochar binding sites. Another
hypothesis why biochar showed little effect on Hg sorption is the pre-
sence of dissolved complexes binding Hg and hampering the sorption to
biochar. Another factor which may affect Hg adsorption in the soil
environment is the formation of biofilms. They may have formed in the
course of the experiment as in nature cells grow predominantly in such
aggregation of soil microorganisms, especially in heavily polluted sites
(Gross et al., 2007). Thus, the alteration of the biochar surface and its
chemical and physical properties by the formation of biofilms on the
biochar particles needs to be considered. Possibly, biofilms may reduce
the interaction of Hg with the biochar surface and thereby disturb its
effects on Hg immobilization. Otherwise, biofilms themselves accu-
mulate inorganic and methylated Hg compounds (Dranguet et al., 2017;
Dranguet et al., 2018; Hintelmann et al., 1993) and may also lead to a
higher rate of Hg methylation compared to planktonic bacteria (Lin
et al., 2013). Different mechanisms play a role in Hg uptake by biofilms,
e.g. steric hindrance and electrostatic interactions, binding functional
groups of the extracellular polymeric substance matrix, and adsorption
by mineral fractions present in biofilms (Dranguet et al., 2017). Leclerc
et al. (2015) hypothesized that Hg-thiol complexation in the extra-
cellular fractions of biofilms can occur which may potentially affect the
bioavailability of Hg and increase its methylation.

The sorption of Hg-DOC complexes at the biochars was potentially
of importance as we found strong positive relations between Hgt and
DOC (Table 3). Considering possible interactions between Hg-DOC
complexes and BC200 as well as BC500 it has to be noted that Hgt and
DOC concentrations were only slightly lower in CS+BC500 (Table 2).
Although often used for remediation purposes biochar amendments
have been shown to have the potential to increase DOC concentrations,
which may be linked to enhanced mobilization of soil contaminants
(Beesley et al., 2010; Chen et al., 2018; Qi et al., 2017). In contrast, it
has also been reported that DOC may readily sorb to biochar (Kammann
et al., 2015). However, biochar mediated changes in DOC concentration
may not always be detected (Jones et al., 2012). In general, the feed-
stock material and pyrolysis temperature influence properties of bio-
chars, including their potential to release DOC (Liu et al., 2015). Here,
minor effects of biochar amendment on DOC concentrations were ob-
served.

The Hg sorption capacity of both biochars mainly came into effect
under highly reduced conditions. One possible reason might be the
cleavage of existing disulfide bonds of redox-active disulfides when
they are reduced and the concomitant formation of vicinal thiol pairs
which may bind Hg (Poole, 2015; Rubino, 2015; Wouters et al., 2010).
It is known that both Hg(II) and MeHg have a high affinity for reduced
sulfur groups such as thiols (R-SH), monosulfides (R-S-R), and disulfides
(R-SS-R) (Skyllberg, 2010; Skyllberg, 2012; Song et al., 2018; Taube
et al., 2008). Moreover, both Hg species have a higher affinity for thiols
than for disulfides (Liem-Nguyen, 2016; Yoon et al., 2005). We suggest
that higher amounts of disulfides were present in the MCs amended
with BC200 and BC500 whose disulfide bonds were reduced to the
corresponding thiols leading to higher Hgt sorption compared to CS.
Following this assertion, Hg formed strong dissolved complexes with
organic and inorganic ligands upon flooding while Hg was less attracted
by potential binding sites of the biochars and the soil. Due to the strong
attraction of the vicinal thiol pairs Hg could be removed from slurry
when EH changes induced the cleavage of existing disulfide bonds lo-
cated on the surface of the biochars. This assertion is in good agreement
with He et al. (2012) who indicated that a competitive complexation of
Hg with DOC may limit the interactions of Hg with sorbents and who

CS+BC500

CS+BC200

CS

Fig. 1. Development of redox potential EH (solid line), pH (dashed line), and
sampling points (circles) in soil slurry (data every 10min, averages were re-
ported for an underlying dataset (n≈11,915) of four replicate samples) in the
microcosms of untreated contaminated soil (CS), and soils treated with biochar
pyrolyzed at 200 °C (CS+BC200), and biochar pyrolyzed at 500 °C
(CS+BC500).
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attributed rapid adsorption of Hg to the binding of one Hg to two thiols.
Moreover, while carboxyl (R-COOH) and hydroxyl groups (R-OH) are
generally accepted as predominant biochar binding sites for heavy
metals it has been shown that thiol-functionalized sorbents, including
biochars, have a higher adsorption capacity and stronger selectivity for
Hg (Huang et al., 2019; Niu et al., 2014; Xu et al., 2016). Adsorption
kinetics and isotherms of such studies frequently suggest that thiol-
functionalization improves the Hg species removal efficiency from
aqueous solution considerably (e.g. Xia et al., 2019).

The observed concentrations of Hgt released in CS (1.8–52 μg/l)
greatly exceed levels reported for natural uncontaminated fresh water
systems, and are comparable to higher concentrations reported in Hg
mine drainage (Leopold et al., 2010; Rytuba, 2000). Thus, flooding and
the alteration of EH resulted in a substantial Hgt release from CS which
exceeds the U.S. Environmental Protection Agency's Maximum Con-
taminant Level for Hg in drinking water (2 μg/l) and the trigger value
for the assessment of the soil – groundwater pathway (1 μg/l) of the
German BBodSchV (1999).

3.2.2. Impact of EH/pH changes on mobilization of MeHg in CS,
CS+BC200, and CS+BC500

The pattern of MeHg concentrations was similar in CS and the
biochar treatments (Fig. 2). In contrast to Hgt no impact of biochar
amendments was found under highly reduced conditions. This does not
necessarily contradict the suggested cleavage of disulfide bonds as
Skyllberg (2012) noted that there are indications that Hg and MeHg
may bind to different types of thiol groups.

We did not find a correlation between MeHg and the EH in CS,
CS+BC200, or CS+BC500. Even though the methylation of Hg oc-
curs primarily under anaerobic conditions, significant correlations be-
tween MeHg and EH are not always observed (DeLaune et al., 2004;
Frohne et al., 2012; Roulet et al., 2001; Sunderland et al., 2006). A
positive correlation was detected between MeHg and pH in CS+BC500
(Table 3). An inverse relationship between these parameters is often
reported (Ullrich et al., 2001). Golding et al. (2008) indicated that in-
creased concentrations of Hg(II) within methylating bacteria due to
declining pH values would probably be reflected in enhanced methy-
lation activity. It is generally accepted that Hg methylation is primarily
driven by microbial activity. Sulfate-reducing bacteria were identified
as the principal methylators of Hg in sediments of various ecosystems
primarily under anaerobic conditions (Beckers and Rinklebe, 2017;
Boyd et al., 2017; Moreau et al., 2015). However, not all bacteria of the
SRB phylogenetic tree methylate Hg (Barkay and Wagner-Döbler, 2005;
Parks et al., 2013). It is suggested that SRB perform SO42− reduction
principally under highly reducing conditions at EHs between −100 and
–1000mV (Dominique et al., 2007; Fritsche et al., 2014). Still, MeHg

concentrations determined in the course of the first three samplings
under low EH seem to be the result of soil-bound MeHg release rather
than bacterial MeHg formation. Following the first sampling MeHg
concentrations decreased in CS and the biochar treatments despite the
lower EH at the following sampling. Thus, MeHg that was bound to fine
organic material may have initially entered the aqueous phase upon
flooding, and was demethylated or sorbed over the course of the next
two to three samplings. The release of sorbed MeHg when dry soils or
sediments are flooded has been reported in previous studies (Bachand
et al., 2014; Cesario et al., 2017; Marvin-DiPasquale et al., 2014). We
found that net methylation started between the EH windows of −50mV
and 0mV and was highest between the EH windows of 0mV and
100mV in CS and the biochar treatments (Fig. 2). This falls into the
range of −100 to 100mV identified by Windham-Myers et al. (2009)
for high rates of MeHg production.

The ratio of SO42− to Cl− can be used as an indicator of SO42−

reduction (Alpers et al., 2014). Clear declines in this ratio were ob-
served between EH window −50mV and 0mV for CS and the biochar
treatments, which corresponds well with the increase of MeHg con-
centrations. Furthermore, the ratio of MeHg to Hgt increased 4.0 to 7.8
fold between EH window 0mV and 100mV for the CS and biochar
treatments, which represented the highest increase. This ratio is a fre-
quently used indicator of methylation efficiency (Alpers et al., 2014;
Frohne et al., 2012). High MeHg/Hgt rates indicate that available Hg is
efficiently methylated while low MeHg/Hgt rates indicate either low Hg
methylation or high demethylation rates (Remy et al., 2006). Thus, the
increase in MeHg within CS and the biochar treatments fell within the
range of Fe(III) reduction while the SO42−/Cl− ratio indicated that
SO42− reduction might have occurred (DeLaune and Reddy, 2005). It is
well established that certain strains of iron-reducing bacteria (FeRB),
such as Geobacter sp. strain CLFeRB, are also capable of methylating Hg,
while methanogens that are known to demethylate MeHg may turn into
the primary methylators under specific environmental conditions
(Christensen et al., 2018; Fleming et al., 2006; Hamelin et al., 2011).
Concentrations of dissolved Fe increased in the range of Fe(III) reduc-
tion around 0mV (see Supporting Information) which may occur from
microbial and chemical reduction of Fe(III) bearing minerals, such as
Fe-oxides (Praharaj and Fortin, 2008). The microbial reduction of Fe
(III) bearing minerals is related to the activity of FeRB, which relies on
the availability of labile organic C substrates and the abundance and
crystallinity of Fe(III) bearing minerals (Praharaj and Fortin, 2008;
Roden, 2003). Abiotic Fe(III) reduction is indirectly controlled by the
microbial SO42− reduction, which is accompanied by the formation of
sulfide species such as hydrogen sulfide that can act as significant re-
ductants of Fe oxides (Li et al., 2006; Lindsay et al., 2015; Lohmayer
et al., 2014). In fact, it has been frequently found that Fe(II) production

Table 3
Correlation coefficients (Pearson) between total dissolved mercury (Hgt), mercury species (MeHg and EtHg) and factors controlling their release dynamics (EH6,
pH 6, DOC, SUVA254, Cl−, SO42−, Fe, Mn) (n=36) of the contaminated soil (CS), the contaminated soil+ Biochar 200 (CS+BC200), and the contaminated
soil + Biochar 500 (CS+BC500).

Element Soil EH6 pH 6 DOC SUVA254 Cl− SO42− Fe Mn EtHg MeHg

Hgt CS −0.804a 0.845a 0.710a 0.559a −0.603a n.s. n.s. −0.763a 0.737a,3 n.s.
CS+BC200 −0.685a 0.664a 0.638a 0.344b −0.537a n.s. n.s. −0.618a 0.530a,2 n.s.
CS+BC500 −0.728a,2 0.759a,2 0.734a,2 n.s. −0.453a,2 n.s. n.s. −0.786a,2 0.609a,4 n.s.

MeHg CS n.s. n.s. 0.357b,1 n.s. n.s. n.s. n.s. n.s. 0.547a,3 –
CS+BC200 n.s. n.s. n.s. n.s. n.s. n.s. n.s. n.s. n.s. –
CS+BC500 n.s. 0.343b,2 0.457a,2 n.s. n.s. 0.457a,2 n.s. −0.530a,2 n.s. –

EtHg CS −0.626a,3 0.540a,3 0.463a,3 0.376b,3 −0.530a,3 n.s. n.s. −0.532a,3 – –
CS+BC200 n.s. n.s. n.s. n.s. n.s. n.s. 0.458a,2 −0.364b,2 – –
CS+BC500 −0.383b,4 n.s. 0.367b,4 n.s. n.s. n.s. n.s. −0.362b,4 – –

1: n=35; 2: n=34; 3: n=33; 4: n=32.
n.s.= not significant.
DOC: dissolved organic carbon; SUVA254: specific UV absorbance at 254 nm; SO42−: sulfate.

a Correlation significant at 0.01 level.
b Correlation significant at 0.05 level.
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was rather driven by biogenic sulfide Fe(III) reduction than by the ac-
tivity of FeRB (Hansel et al., 2015; Kwon et al., 2014; Praharaj and
Fortin, 2008). Moreover, even though SRB are generally described as
anoxic and neutrophilic bacteria they are present (but probably not
metabolically active) under aerobic conditions and can tolerate low pH
(Giloteaux et al., 2013; Koschorreck, 2008; Miao et al., 2012). Praharaj
and Fortin (2008) determined low SO42− reduction rates at EH values
between 300 and 450mV, indicating that SRB activity is not restricted
to highly reduced environments. Thus, even though the increase in
dissolved MeHg concentrations in our experiment did not fall into the
EH range usually considered for Hg methylation by SRB, we may con-
clude that the methylation of Hg in CS and the biochar treatments
between −50 and 100mV was most probably mediated by SRB. Fur-
thermore, the increases in soluble Fe at EH 0mV may be attributed to
abiotic Fe(III) reduction linked to SO42− reduction. Measured MeHg
concentrations are the result of ongoing methylation and demethylation
processes (Lambertsson and Nilsson, 2006; Lazaro et al., 2016) and
therefore MeHg concentrations determined for the samplings following
EH window 100mV at higher EH in our experiment (Fig. 2) may in part
be explained by the persistence of MeHg after major net methylation of
Hg had been taken place earlier. In fact, MeHg concentrations in CS and
the biochar treatments declined to approximately half between first
100mV and first 200mV EH window. Most MeHg in many aquatic
environments is generated in the sediments since MeHg production is
basically the product of microbial activity and Hg(II) bioavailability
(Hintelmann, 2010). On the other hand demethylation rates within
sediments are high as well, which leads to a standing MeHg pool that
constitutes no>1% of the Hgt (Hintelmann, 2010; Randall et al.,
2013). However, demethylation activity is virtually absent in water
leading to the persistence of MeHg in the overlying water column
(Hintelmann, 2010). Here, comparatively high MeHg concentrations
were depleted within two days in the course of controlled EH changes.

A correlation between MeHg and Hgt was missing in CS and the
biochar treatments. This might be because the amount of bioavailable
Hg in Hgt may vary and since it is suggested that the production of
MeHg is limited by microbial methylation potential rather than by Hg
bioavailability (Bowman et al., 2015; Feng et al., 2014; Frohne et al.,
2012).

3.2.3. Impact of EH/pH changes on mobilization of EtHg in CS,
CS+BC200, and CS+BC500

The pattern of EtHg in CS and the biochar treatments was very si-
milar. The highest mean concentrations were determined for EH
window 0mV (Fig. 2). Thereafter, there was a decline in EtHg with
increasing EH values and a slight increase when EH was lowered again
at the end of the experiment. Corresponding to this pattern, negative
correlations between EtHg and EH were determined for CS and
CS+BC500 (Table 3). The concentrations of dissolved EtHg in the
treatments amended with BC200 or BC500 were not significantly lower
than those found in CS which indicates the moderate influence of the
biochars on EtHg dissolution/formation (Table 2). Thus, the potential
of BC200 and BC500 as immobilization agents for Hgt, MeHg, and EtHg
in our experiment was very limited. Considering our limited under-
standing of EtHg dissolution/formation, sufficient EtHg binding sites
may be present in CS that would lessen the impact of the introduced
biochar binding sites.

A positive correlation between EtHg and pH was only found in CS.
This correlation is consistent with Pelcová et al. (2010) who observed
significant EtHg adsorption to river sediments at pH 3–4. However,
calculated relations between EtHg and other parameters seemed to be
influenced by the strong positive correlations found between EtHg and
Hgt in CS and the biochar treatments (Table 3). It appears that EtHg was
either released by the same processes as Hgt or that a certain ratio of
Hgt was converted to EtHg. Such correlation between dissolved Hgt and
EtHg concentrations has been observed before (unpublished data).
However, the inverse relation of these two parameters at EH window

0mV indicates that the conditions between the EH windows of −50mV
and 0mV may favor the formation of EtHg. Hintelmann (2010) noted
that EtHg is not very persistent and readily decomposes in the en-
vironment, which would indicate that the EtHg determined in the
course of our experiment would be rather a product of EtHg formation
than of the release of legacy EtHg. The process of EtHg formation and
its behavior in the natural environment is not well understood; for
example, data on a microbial formation of EtHg are lacking (Beckers
and Rinklebe, 2017; Hintelmann, 2010). Nevertheless, Cai et al. (1997)
and Mao et al. (2010) suggested that EtHg may occur widely in the
environment based on detected EtHg in soil samples. Ethylmercury has
been detected in soils and sediments while its concentrations in other
environmental samples such as atmospheric particulates, water, plant,
and fish are frequently below the detection limits of (e.g. Chen et al.,
2015; Song et al., 2013). Fortmann et al. (1978) showed that EtHg can
form in tissues of common dwarf garden pea (Pisum sativum) after ex-
posure to elemental Hg vapor and suggested that MeHg and EtHg might
both be metabolites of a single Hg pathway in the peas. In fact, we
found high EtHg concentrations at 0mV preceding high MeHg con-
centrations at 100mV.

3.3. Impact of DOC, Cl−, SO4
2−, Fe, and Mn changes on mobilization of

Hgt, MeHg, and EtHg in CS, CS+BC200, and CS+BC500

Similar to Hgt the highest DOC concentrations were determined for
those EH windows sampled at the beginning of the experiment under
low EH conditions (Fig. 2). Therefore, we found positive correlations
between Hgt and DOC for CS and the biochar treatments (Table 3). Such
correlations are frequently reported in literature (Bravo et al., 2018;
Burns et al., 2013; Dittman et al., 2010) and DOC is generally regarded
as the predominant ligand for both Hgt and MeHg in oxic (sulfide-free)
waters (Chadwick et al., 2013; Gorski et al., 2008; Ravichandran,
2004). However, positive relationships between Hgt and DOC have
been observed in numerous aquatic ecosystems and this link has been
principally attributed to the strong affinity of Hgt for reactive (reduced)
thiol functional groups within DOC (Frohne et al., 2012; Ravichandran,
2004; Tsui and Finlay, 2011). Such a positive correlation may not al-
ways be detected, since the binding is controlled by a small fraction of
dissolved organic matter molecules that contain these thiol groups
(Ravichandran, 2004). In contrast, a positive correlation between Hgt
and DOC is generally found when Hgt is mainly derived from wetlands
and soils, where Hgt is discharged and cotransported bound to the or-
ganic carbon (Wallschläger et al., 1996). This pattern is in good
agreement with our results regarding Hgt and DOC concentrations in CS
and CS+BC200 and CS+BC500. Correlations in CS and the biochar
treatments between either Hgt or DOC with Fe or Mn were either
missing or negative indicating that the release of Hgt or DOC at low EH
was not governed by the reductive dissolution of particulate Fe and Mn
oxyhydroxides and the release of associated Hg or DOC (Table 3). In-
stead, the results suggest that fine biologically decomposed organic
material with associated Hg entered the aqueous phase upon flooding of
the soil. Fig. 3 indicates a strong dependence of dissolved Hgt on DOC
and EH with higher DOC concentrations and lower EH values favoring
Hg mobilization in CS, CS+BC200, and CS+BC500.

Total Hg concentrations in CS and the biochar treatments were also
negatively correlated with Cl− (Table 3). This relationship has been
reported before (Hall et al., 2008).

Fig. 4 shows that lower Cl− concentrations may have promoted the
mobilization of Hg in CS, CS+BC200, and CS+BC500. Higher Cl−

concentrations may provoke the formation and precipitation of Hg2Cl2
thereby removing dissolved Hg (Chen et al., 2017; Kim et al., 2004).

Methylmercury was positively correlated with DOC in CS and in
CS+BC500 (Table 3). As in the case with Hgt it has been suggested
that the aromaticity of DOC, calculated as SUVA254 values, may influ-
ence this relationship as higher aromaticity seems to enhance the Hg
binding affinity or the number of strong binding sites (Tsui and Finlay,
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2011). It has been hypothesized that SUVA254 may be a suitable pre-
dictor of dissolved Hgt concentrations in certain streams (Burns et al.,
2013). SUVA254 has been found to be a useful indicator to assess the

dissolved aromatic carbon content (Ravichandran et al., 1998;
Weishaar et al., 2003). Some sources of interferences in the absorbance
spectroscopy have to be considered (Li and Hur, 2017). Nitrate and

CS + BC200

CS + BC500

CS

Fig. 3. Dependency of Hgt concentrations in soil solution from redox potential
(EH) and DOC displayed in a three-dimensional coordinate system. Bars show
means of data obtained for CS, CS+BC200, and CS+BC500. Bar colors cor-
respond to the concentrations indicated by the color scale.

CS

CS + BC200

CS + BC500

Fig. 4. Dependency of Hgt concentrations in soil solution from chloride con-
centrations (Cl−) and DOC displayed in a three-dimensional coordinate system.
Bars show means of data obtained for CS, CS+BC200, and CS+BC500. Bar
colors correspond to the concentrations indicated by the color scale.
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particularly ferric iron (Fe(III)) can exert a strong influence (Poulin
et al., 2014; Weishaar et al., 2003). Under our experimental EH-pH-
conditions Fe should have been present as ferrous iron (Fe(II)) pre-
dominantly (Table 3) (Takeno, 2005) while nitrate concentrations were
frequently below the detection limit.

Positive correlations between both Hgt and MeHg with SUVA254
have been reported for some aquatic ecosystems and biota (Chasar
et al., 2009; Hall et al., 2008), but this strong relationship is not uni-
versal (Burns and Riva-Murray, 2018; Jiang et al., 2017b). The pattern
of SUVA254 values was similar between CS and the biochar treatments
(Fig. S1). Correspondingly, strong correlations between SUVA254 and
Hgt, MeHg, or EtHg were neither found in CS nor in the biochar
treatments (Table 3). In general, SUVA254 values were low compared to
values reported for wetlands, rice fields, and lakes (Fleck et al., 2014;
Poulin et al., 2014), water soluble organic matter (Jiang et al., 2017a),
or porewater (Strickman and Mitchell, 2018).

Surprisingly, we found a positive correlation between MeHg and
SO42− in CS+BC500. Increasing concentrations of MeHg are usually
concomitant with decreasing SO42− concentrations (Hellal et al.,
2015). Sulfate-reducing bacteria use SO42− as a terminal electron ac-
ceptor for the degradation of organic compounds which leads to the
depletion of SO42− as well as the production and release of sulfide,
which may result in the formation of MeHg as SRB species are capable
of Hg methylation (Hellal et al., 2015; Lindsay et al., 2015; Muyzer and
Stams, 2008). However, Liu et al. (2016) found that biochars may re-
lease SO42− to solutions, with wood-based biochars releasing lower
concentrations. As such, this may explain the slightly higher SO42−

concentrations in CS+BC200 and CS+BC500 compared to CS and the
correlation found between MeHg and SO42− in CS+BC500 (Fig. S1,
Tables 2, 3). The additional supply of SO42− and labile organic carbon
due to the amendment with biochar is considered to potentially pro-
mote Hg methylation (Liu et al., 2016). On the other hand, higher
concentrations of SO42− may inhibit MeHg production due to the for-
mation of H2S (Shao et al., 2012). Microbial SO42− reduction can be
inhibited by H2S and organic acids which can be toxic for the SRB even
though H2S is produced by the SRB in the course of their energy me-
tabolism (Koschorreck, 2008). In addition, methylation rates were
found to be lower under high sulfide concentrations and the presence of
FeS due to a shift from neutral Hg(II)-sulfide complexes, which are
easily taken up by bacteria, to charged Hg(II)-polysulfide (Hellal et al.,
2015; Liu et al., 2008). We may therefore conclude that the little ad-
ditional SO42− that was likely released due to the biochar amendments
had no relevant effect on MeHg production.

Correlations between EtHg and SO42− were missing in CS and the
biochar treatments (Table 3). It has been indicated that SO42− may
affect the adsorption of EtHg: Chen et al. (2015) observed that the
adsorption of EtHg to sediments decreased in line with SO42− addition.
However, Pelcová et al. (2010) increased the SO42− concentration in
solution to 50 and 200mg/l, respectively and found only slight differ-
ences in EtHg adsorption between these two concentrations.

3.4. Factor analyses

Factor analyses were performed for CS and the biochar treatments
(Fig. 5) to evaluate associations between the measured parameters and
to identify hidden multivariate data structures. We extracted two fac-
tors. These factors explained 65.45% of the total variance in CS
(48.86% Component No. 1 and 16.59% Component No. 2), 61.33% in
CS+BC200 (46.49% Component No. 1 and 14.84% Component No. 2),
and 64.32% in CS+BC500 (48.50% Component No. 1 and 15.82%
Component No. 2), respectively.

Fig. 5A shows that Hgt, EtHg, DOC, and pH had high loadings on
Component No. 1 in CS which indicates a similar biogeochemical be-
havior of these parameters. Manganese and EH, in contrast, had high
negative loadings on Component No. 1 which demonstrates their op-
posing behavior. Sulfate and SUVA254 clustered together and had high

SUVA254 SO42-

Cl-

EH

Mn
Fe

MeHg
EtHg

pH

Hgt

DOC

A

Cl-

MnEH
SO42-

SUVA254

Fe

pHHgt

DOCEtHg

MeHg

B

C

DOC

pHHgt

EtHg

MeHg

SO42-

Fe

Cl-

EH

Mn

SUVA254

Fig. 5. Factor analysis of the contaminated soil (CS), the contaminated
soil+ biochar pyrolyzed at 200 °C (CS+BC200), and contaminated
soil+ biochar pyrolyzed at 500 °C (CS+BC500). Kaiser-Meyer-Olkin (KMO)
measures were 0.636 for CS, 0.585 for CS+BC200, and 0.699 for CS+BC500,
respectively.
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Fig. 6. SRB PLFA amounts as influenced by soil treatment and changing EH/pH.
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loadings on Component No. 2. Chloride, MeHg and Fe showed less in-
tense loading on the two components, suggesting that they were pre-
sumably best explained by other components. In CS+BC200 (Fig. 5B)
and CS+BC500 (Fig. 5C) Hgt, DOC, and pH were again clustered to-
gether. Furthermore, Mn and EH, which clustered with Cl−, indicated
again dissimilar biogeochemical behavior. Other parameters such as
EtHg, Fe, and SUVA254 were ungrouped. Summarizing, the results of the
factor analyses indicate similarities in the biogeochemical behavior of
Hgt and DOC, while Mn was linked to EH regardless of whether CS was
amended or not. Neither amendment, BC200 or BC500, resulted in
pronounced effects on the interrelationships of the parameters.

3.5. Impact of EH/pH changes on the microbial community

Fifty-five PLFAs were detected. Forty-five of them had carbon
numbers between C12 and C20. Bacteria contain fatty acids mainly in
this chain length range (Frostegård and Bååth, 1996; Jiang et al., 2012;
White et al., 1996) (Fig. S2, see Supporting information). In general,
changes in abundances of PLFAs considered for the SRB and those with
carbon numbers between C12 and C20 were similar (Figs. 6, S2).

Phospholipid fatty acid abundances in the initial samples taken
subsequent to the flooding of the soils when EH was around 210mV
were slightly higher in CS compared to CS+BC200, while the amount
of PLFAs detected in CS+BC500 was considerably lower (Fig. 6). Thus,
the added BC500 seems to have had an important impact on the soil
microbial community at this stage of the experiment, presumably due to
its smooth surface and the shortage of nutrients which may have im-
peded its microbial colonization. The Desulfobacter biomarker fatty acid
10Me16:0 was absent in CS and the biochar treated soils over the course
of the experiment (Fig. 6). However, the suitability of 10Me16:0 as a
Desulfobacter specific biomarker has been questioned (Parkes et al.,
1993). Similarly, Desulfovibrio biomarker i17:1ω7c was not detected,
while the considered Desulfobulbus indicator fatty acid 17:1ω6 could
not be determined individually but as part of the summed aggregate
17:1. The abundances of PLFAs considered for the SRB were compar-
able between CS and the biochar treatments at the lowest sampled EH
around −110mV. Clear changes in PLFA abundance were found for
10Me18:0 (decrease) and a15:0 (increase). Increasing EH to 0mV re-
sulted in deceasing PLFA abundances in CS and CS+BC200, while this
effect was not observed in CS+BC500 (Fig. 6). The results for the EH
windows 100mV and 200mV were very similar in CS and the biochar
treatments. In general, PLFA abundances increased. Distinct deceases in
PLFA abundance were found for CS and CS+BC500 at EH window
300mV. Lowering the EH to 200mV again resulted in PLFA abundances
that were comparable to the first sampled 200mV window in CS.
However, PLFA abundances had decreased considerably in CS+BC200
and CS+BC500 at the same time (Fig. 6). Abundances for the last
sampling were again higher in CS and the biochar treatments.

In general, PLFA results gave no clear indication of whether SRB
were the likely Hg methylators in our experiment. However, the con-
comitant increase in “SRB” PLFA abundance and MeHg concentrations
at the first 100mV EH window may be seen as a sign of SRB mediated
Hg methylation (Figs. 2, 6).

4. Conclusions

We aimed to study the impact of two different biochars as amend-
ments to a contaminated floodplain soil on the release of Hgt as well as
the formation and mobilization of MeHg and EtHg under dynamic EH
conditions utilizing an advanced automated biogeochemical microcosm
system. Both amendments, BC200 and BC500, showed little impact on
the mobilization of Hgt, MeHg, and EtHg as well as on redox processes.
Although BC500 was somewhat more effective than BC200 in control-
ling the mobilization of Hgt and MeHg the results were marginal. This
may reflect the formation of strong Hg complexes with dissolved or-
ganic and inorganic ligands under our experimental conditions, leading

to a minor formation of chemical bonds between Hg and functional
groups of the biochars. Therefore, the high Hgt, MeHg, and EtHg con-
centrations at the beginning of the experiment at EH windows
~−80mV and –110mV might be interpreted as co-dissolution of Hg
and DOC upon flooding, rather than a direct effect of lowering EH at the
beginning of the experiment. This assertion is supported by the strong
correlations between Hgt, MeHg, and EtHg with DOC and declining Hg
concentrations despite declining EH. Secondly, biochar is known to
possess a large number of negative surfaces charges, which should ac-
tually be able to sorb Hg2+. However, it could be that those potential
binding sites for Hg at the biochar itself may have been occupied by
other ions and/or blocked by biofilm what may have led to a mobili-
zation of Hg and its compounds. Therefore, Hgt could be mobilized in
CS+BC200 and CS+BC500 to a similar extent as compared to CS.
Overall, the mobilization of Hgt, MeHg, and EtHg was largely impacted
by the systematic changes in EH. We found an inverse relationship be-
tween EH and Hgt while the impact of EH on MeHg and EtHg con-
centrations was rather characterized by specific EH windows at which
ethylation (0mV) and methylation (between −50 and 100mV) were
favored. Presumably SRB were the principal methylators in our ex-
periment based on PLFA results.

Future research should further clarify the impact of EH and DOC on
Hg mobilization and the role of Cl− in influencing Hgt immobilization.
Thorough microbial analyses should be conducted to better evaluate
the role of SRB. Additionally, the complex interactions between biochar
and soil biogeochemical redox processes should be further elucidated.
Also, various biochars, differing in feedstock and pyrolysis temperature
as well as designed biochars should be tested with a view to their po-
tential to decrease the mobilization of Hgt, MeHg, and EtHg under
dynamic redox conditions in frequently flooded soils. Finally, con-
sidering the high Hgt release, our study highlights the necessity of
conducting amendment tests under variable redox conditions in the
field to evaluate the severity of environmental risk.

Supplementary data to this article can be found online at https://
doi.org/10.1016/j.envint.2019.03.040.
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