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Abstract: 

Solid wastes containing potentially toxic elements (PTEs) are widely generated around the globe.

Critical  concerns  have  been  raised  over  their  impacts  on  human  health  and  the  environment,

especially for the exposure to PTEs during the transfer and disposal of the wastes. It is important to

devise highly-efficient and cost-effective treatment technologies for the removal or immobilisation

of PTEs in solid wastes. However,  there is an inadequate overview of the global flow of PTEs-

contaminated solid wastes in terms of geographical distribution patterns, which is vital information

for decision making in sustainable waste management. Moreover, in view of the scarcity of resources

and the call  for a circular economy, there is a pressing need to recover materials  (e.g.,  precious

metals  and  rare  earth  elements)  from  waste  streams  and  this  is  a  more  sustainable  and

environmentally friendly practice compared with ore mining. Therefore, this paper aims to give a

thorough overview to the global flow of PTEs and the recovery of waste materials. This review first

summarises PTEs content in various types of solid wastes. Then, with respect to their patterns of

transport  transformation  and  risks  in  the  changing  environment,  toxic  metal(loid)s,  radioactive

elements, and rare earth elements are critically reviewed. Different treatments for the management of

these contaminated solid wastes are discussed. Based on an improved understanding of the dynamics

of  metal(loid)  fates  and  a  review  of  existing  management  options,  new  scientific  insights  are

provided  for  future  research  in  the  development  of  high-performance  and  sustainable  treatment

technologies for PTEs in solid wastes.

Keywords:  metals/metalloids;  rare  earth  elements;  radioactive  elements;  sustainable  waste

management; environmental and human health risk; green and sustainable remediation.
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1. Introduction 

Solid wastes, including municipal,  electronic,  and industrial  wastes, lead to global environmental

problems. Metal(loid)s (e.g., chromium, arsenic, selenium, cadmium, mercury, and lead) are widely

used in industry and present a major concern in solid waste management in view of their acute and

chronic risks to human health and ecosystems (Song and Li, 2014; Marra et al., 2017). Similarly,

radioactive  elements  (e.g.,  uranium,  radium,  and  thorium)  in  wastes  generated  from  nuclear

applications for energy, research, and clinic purposes should be cautiously treated to avoid leaching

and subsequent environmental risks. For rare earth elements (e.g., yttrium and scandium), there are

economic incentives for people to recover these precious resources from solid wastes due to their

limited availability in the Earth’s crust (Binnemans et al., 2013; Tunsu et al., 2015; Işıldar et al.,

2019).  Studying the fate  and transportation  of  these  toxic  elements  in  solid  wastes  are  of  great

significance  to  better  understand  the  pathways  of  contaminants  and  their  interactions  with  the

environment.  This  is  essential  for  the  design  of  effective  treatment  processes  based  on  sound

scientific understanding.

In recent years, increasing attention has been drawn to the environmental fate of potentially toxic

elements (PTEs) from wastes. PTEs refer to chemical elements including both metals and non-metals

that may potentially cause harmful effects on the organisms in the environment if present in high

concentrations (Antoniadis et al., 2019). It has been recognized that municipal solid wastes are a

source of toxic elements produced in waste-to-energy incineration and found in flue gas and fly ash

(Hu et al., 2018). The leachability and mobility of PTEs in flue gas and fly ash show sensitivity to

pH (Izquierdo and Querol, 2012; Chen et al., 2019). In addition, the PTEs in wastewater accumulate

in  sewage  sludge.  Upon  thermal  treatment  of  sewage  sludge,  PTEs  are  distributed  in  different

fractions (i.e., ashes, chars, and bio-oils), largely depending on the conditions of temperature and

humidity  (Fang  et  al.,  2018;  Udayanga  et  al.,  2018).  The  ultimate  destination  of  PTEs  is
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accumulation in soil,  sediment,  and surface water or groundwater systems, depending on various

physical and chemical characteristics of the wastes (Tabelin et al., 2018). Previous reviews have only

considered  the  association  of  PTEs  with  certain  kinds  of  solid  waste  streams  such  as  fly  ash.

However, the quality of solid wastes derived from different industries and under different regulatory

contexts can have considerable variations, and few studies consider that. 

In management of hazardous waste, stabilisation/solidification (S/S) using cementitious materials or

other stabilisers is the most common approach, which covers approximately 40% of the commercial

treatment market (Wang et al., 2015; Wang et al., 2018a; Chen et al., 2019). Recent research efforts

have  explored  innovative  treatment  technologies  for  PTEs  in  solid  wastes,  such  as

biohydrometallurgy (Sethurajan et al., 2018), electrodialytic treatment (Kirkelund et al., 2018), and

sorbent capture (Ke et al.,  2019). There is an emerging perspective for solid waste management,

which is  to valorise  the wastes for different  applications,  e.g.,  dredged sediment  as construction

materials (Wang et al., 2015), blast furnace slag as cementitious materials (Wang et al., 2018a), red

mud or calcined alum sludge as a metal sorbent (Ahmed and Ahmaruzzaman, 2016; Jeon et al.,

2018),  and incinerator  sludge ash for zeolite  catalyst  synthesis  (Feng et  al.,  2018;  Zhang et  al.,

2018a). 

In contrast to previous reviews on PTEs which tend to focus on specific waste streams (Hu et al.,

2018; Udayanga et al., 2018; Işıldar et al., 2019), this review aims to provide a PTEs-oriented and

comprehensive overview of the fate of metal(loid)s, radioactive elements, and rare earth elements in

a wide range of solid  wastes to  elucidate  their  potential  environmental  and human risks,  and to

identify the opportunities for new developments in solid wastes management including recycling and

valorisation. State-of-the-art treatment technologies are discussed to assess their feasibility on the

field scale and facilitate decision making by industrial practitioners. Moreover, this review identifies
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existing managerial and technological limitations, which should shed light on the directions of future

research for the scientific community. 

2. Flow of metal-containing solid wastes

Solid waste is a summative term covering all the discarded materials in the solid or semi-solid forms

which come from municipal, industrial, commercial, mining, and agricultural activities (McDougall

et  al.,  2001).  Metal-containing  solid  wastes,  encompassing  those  from  municipal  to  industrial

sources, have been extensively concerned all over the world (Table 1) and their fates are summarised

in Figure 1. Derived from household activities, municipal solid waste (MSW) is one of the largest

components of wastes streams and includes food wastes, paper, textile, rubber, plastic, glass, metals,

wood, and miscellaneous inorganic wastes. The composition of MSW varies from district to district,

which  influences  the  PTEs  composition  in  the  waste  stream.  MSW is  predominately  treated  by

incineration, landfill, and sometimes, composting. MSW incineration has grown steadily in recent

years  worldwide.  For  example,  the  amount  of  incinerated  municipal  solid  wastes  in  the  27 EU

Member States has risen by 32 million tonnes in  ten years,  reaching 64 million tonnes  in 2014

(Abramov et al., 2018). In China, approximately 40% of MSW in metropolitan areas is incinerated,

and this figure is expected to reach 60% by 2020. As a result, the generation of incinerator fly ash in

China exceeded 5 million tonnes in 2016 (Du et al., 2018). 

During MSW incineration, organometallic compounds volatilise along with volatile metals (e.g., Hg

and  Cd).  As  temperature  decreases  in  the  downstream  units,  volatilised  metallic  compounds

experience condensation and nucleation reactions to form submicron particles. Most organic-based

materials  can  be  converted  to  carbon  dioxide  and  water  vapour  by  complete  oxidation  at  high

temperature, whereas the metal fractions still remain in the ash particles. Ashes consisting of metals,

salts, and organic contaminants either aggregate in the heat recovery phase (coarse particles) or are

removed  from the  flue  gas  by  fabric  filters  or  electrostatic  precipitators  (ESPs)  (fine  particles)
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(Weibel et al., 2017). Boiler and ESP ashes constitute the fly ash, while the incombustible residue

that accumulates at the bottom of incinerators is the bottom ash. These incineration solid residues

have gained increasing concern due to their leaching potential to soil and water after disposal in

landfill sites. Volatile components are separated from the flue gas via a flue gas control process;

metals  can be present in flue gas (e.g., Fe-oxides and brass) as well as mineral aggregates (e.g.,

quartz,  feldspar,  and  glass),  or  may  be  vaporised  and  condensed  as  water-soluble  chlorides

(K2ZnCl4) or sulphates (PbSO4). Metal mobilisation and leaching are significantly dependent on

these  metal  associations  (Weibel  et  al.,  2017).  As  for  disposal  of  hazardous  wastes  such  as

incineration fly ash, significant effort should be made in developing metal stabilisation technologies

(e.g.,  S/S,  vitrification,  sintering,  and thermocatalytic  and hydrothermal  treatment).  On the other

hand, it is estimated that the value of precious metals, light and heavy rare earth elements (REEs),

and other technology-critical elements including Cu in incinerated resides can reach $1,916 per ton

of material  (Abramov et al.,  2018). Therefore, the recycling of metals  from incineration ash is a

promising future approach. 

The deposition and accumulation of PTEs during MSW disposal in landfill sites is a major concern;

PTEs  have  complex  pathways  into  the  environment  and  potentially  pose  high  risks  to  living

organisms surrounding landfill areas. The content of major metals in landfill material is reflected by

waste  precursors,  which  are  the  solid  wastes  formed  from  heterogeneous  interactions  between

disposed wastes, climatic conditions, and the management practices of the landfill (Adelopo et al.,

2018). Waste degradation reduces the weight of landfilled waste, but metal concentrations increase.

Unlike  organic  pollutants,  metals  do  not  degrade  in  landfills  and  their  residence  time  is

approximately 150 years (EU, 2002). Metal leachability from landfills  results in the pollution of

farmlands, surface waters, and underground waters. Higher levels of metal contamination have been

found  in  closed  landfills  than  active  ones  due  to  on-going  degradation.  However,  the  metal
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bioavailability might reduce with ageing processes as a result of the stronger binding formed with

soil components (Tye et al., 2003). 

In  comparison,  composting  is  an  alternative  approach  to  treating  the  organic  fraction  of  MSW

(Godlewska et al., 2017), but this can also pose a threat to aquatic and edaphic systems. For example,

open-air windrow composting piles has resulted in the uncontrolled emission of metal contaminants

and considerable ecological risks in the surrounding watershed (Sharifi et al., 2016). Natural events

such as rainfall also tend to accelerate the leaching of PTEs if inadequate control is in place to isolate

open windows or stockpiled composting sites.

Electronic wastes have recently drawn extensive concern due to the short lifespan of electrical and

electronic products nowadays. With the development of the electronics industry, a significant amount

of electronic waste (e-waste) is released into the environment at the rate of 20–50 million tonnes per

year. Common metals found at e-waste sites are both valuable (e.g., Cu and platinum groups) and

hazardous (e.g., Pb, Sb, Hg, Cd, and Ni) (Beiyuan et al., 2016; Jiang et al., 2019). After e-waste

disposal in landfill sites, PTEs are not reduced as other organic contaminants, but are accumulated,

transported,  and diffused into soil  pore water,  thereby threatening soil  ecosystems.  Furthermore,

PTEs are released in the form of airborne, size-fractionated bounded particles. Research has found

that metals with carcinogenic effects pose severe health risks to humans by means of inhalation,

particularly for children in the vicinity of e-waste recycling areas (Huang et al., 2016). 

Industrial  wastes produced by numerous manufacturing and processing activities  are also critical

sources  of  PTEs.  Among  them,  coal  combustion  is  an  essential  means  of  electricity  and  heat

generation, generating significant volumes of coal combustion residues (CCRs) and coal combustion

products (CCPs). Globally, coal-based power generation produces over 750 million tonnes of coal

ash per year (Izquierdo and Querol, 2012). It has been estimated that over 130 million tonnes of
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CCRs are generated by US power plants every year (Ruhl et al., 2012). Composed of fly ash, bottom

ash, and flue gas desulphurisation (FGD) materials from coal combustion, CCRs contain numerous

crystalline oxide phases of silicon, aluminium, calcium, and iron as well as metals and trace elements

(Schwartz et al., 2018). Similar to MSW incineration fly ash, the fly ash from coal combustion can

be collected from flue gas by ESP or bag filters. Coal ash is regarded as a major potential source of

PTEs in the environment. Hence, its disposal has drawn great attention. The characteristics of the

coal source significantly influence the variations in PTEs content. For example, it is estimated that

coal-combusted fly ash contains 2.3 to 6,300 mg/kg arsenic, 0.02–0.36 mg/kg mercury, 1.2–236 mg/

kg molybdenum, and 0.2–134 mg/kg selenium, and these concentrations are approximately 10 times

higher than those of the original source (Feng et al., 2018). Due to the high content of organic and

inorganic contaminants, EU directives (91/689/EEC) classify coal fly ash as a hazardous waste. In

contrast, in the United States (Resource Conservation and Recovery Act), coal fly ash is considered a

non-hazardous material if leaching rates pass the TCLP (toxicity characteristic leaching procedure)

(Tsang et al., 2014; Kirkelund and Jensen, 2018). Furthermore, the water used for producing steam,

cooling,  and  transportation—which  may  also  be  contaminated  by  CCRs—poses  a  threat  to  the

natural water environment. 

The generation of sewage sludge from wastewater treatment plants has been steadily increasing over

time. It is estimated that America generates 71 million tonnes of sewage sludge per year, and in

Europe, the average annual outputs of sewage sludge in Germany, England, and France are 22, 12,

and 8.5 million tonnes, respectively. In China, over 20 million tonnes of sewage sludge are generated

each  year  (Xu et  al.,  2014).  Sewage  sludge is  a  heterogeneous  mixture  of  microorganisms  and

undigested  organic (e.g.,  proteins,  polysaccharides,  and lipids)  and inorganic  (e.g.,  minerals  and

metals) components with high moisture content (Kwon et al., 2018; Yang et al., 2017). The disposal

and treatment of sewage sludge is a global environmental challenge. Recently, fuel generation (i.e.,

heat, hydrochar, bio-oil, and syngas) from sewage sludge via thermal processes (i.e., incineration,
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gasification,  pyrolysis, and hydrothermal treatment) has gained increasing attention (Kwon et al.,

2018).  However,  the  elevated  concentrations  of  metals  that  result  from  thermal  processes  has

presented environmental challenges to their increasing application (Udayanga et al., 2018).

3. Fate of toxic metal(loids) and their treatment

In the following subsections, the emission and transfer of commonly encountered toxic metal(loids)

(i.e.,  chromium,  arsenic,  selenium,  cadmium,  mercury,  and  lead)  from  solid  waste  streams  are

explained (Section 3.1 to 3.6), in an order with respect to the periodic table, and relevant research is

summarised in Table 2. Afterwards, their decontamination approaches are elaborated and discussed

in Section 3.7. 

3.1. Chromium

Chromium is a PTE that primarily exists in trivalent and hexavalent forms. Because of its strong

oxidising  and  toxicity  properties,  hexavalent  chromium compounds  can  easily  contaminate  soil,

groundwater, and rivers through leaching, which leads to serious ecological problems (Rajapaksha et

al., 2013; Rajapaksha et al., 2018). The toxicity of chromium varies depending on the valence state

and its morphology. Hexavalent chromium is a toxic carcinogenic element, and its toxicity is one

hundred times greater than that of trivalent chromium (Mandal et al., 2017). Metal chromium and

chromium salts are regarded as important strategic resources, widely used in leather, electroplating,

chemical, ceramics, advanced alloy materials, spices, pigments, printing and dyeing, anti-corrosion

treatment,  medicine,  and other industries (Tsang and Yip, 2014). Chromium may derive from e-

waste such as data tapes and floppy-disks and has a typical concentration of 9,900 mg/kg in e-waste

with a global generation rate of 198,000 tonnes (Gaidajis et al, 2010). Landfill, as the most common

approach for e-waste disposal, limits the recycling and reuse of Cr-containing materials from this

waste stream (Ashraf et al., 2017).
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Leather production enterprises are important Cr sources; Cr is produced from chromium powder, and

chromium-containing wet blue and other pigments in the tanning process (Wu et al.,  2015). The

concentration of Cr predominantly depends on the production conditions, the types of raw materials

used,  and the  level  of  production  management.  Tannery  sludge is  a  toxic  industrial  solid  waste

produced during the physical treatment of tannery wastewater. By treating tannery sludge with ladle

furnace slag and organoclay, chromium and dissolved organic carbon concentrations can be lower

than the specified limits for non-hazardous waste for landfill disposal (Rajapaksha et al., 2013). In

addition,  bioleaching has been developed as a successful and cost-effective method for removing

Cr(III) from tannery sludge. Mixed inoculations of primary iron sulphur-oxidising bacteria, Fe2+,

and elemental sulphur are used, which accelerate the bio-oxidation of Fe2+ and elemental sulphur to

produce acid and increases the redox potential, reaching a maximum removal rate at 95.6% (Zhou et

al., 2006). 

Electroplating production also generates large amounts of sludge containing 3% to 5% chromium,

which mainly exists as hydroxide (Yuan et al., 2013; Yi et al., 2014). There are three main treatment

methods for electroplating sludge: (1) stabilisation treatment; (2) thermochemical treatment; and (3)

resource  utilisation  (Yuan  et  al.,  2017).  Cement  and  fly  ash  can  be  used  to  immobilise  high

chromium plating waste by S/S process (Dayananda et al., 2013). The MSW incineration fly ash-

based Friedel  matrix  also  can  be  used  to  stabilise  industrial  chromium-containing  electroplating

sludge. The formation of ettringite and Friedel plays an important role in the fixation of metals in

electroplating sludge (Qian et al., 2009). Recently, the possibility of using stabilised and solidified

sludge in the construction and building industry has been explored (Kanwan et al., 2017). During

plasma in-fight treatment, hexavalent Cr is converted into trivalent, leading to a decrease in toxicity,

especially at high temperatures. In addition, incineration can effectively enrich Cr in electroplating

sludge, and 90% of the chromium is retained in the ash (Espinosa and Tenório, 2001). For resource

utilisation,  Cr  in  electroplating  sludge  can  be  recovered  by  alkaline  oxidation  of  hypochlorite.
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Hypochlorite  can  completely  oxidise  chromium(III)  hydroxide  in  suspension  to  chromate  under

alkaline conditions, and can then pass sludge roasting and aqueous leaching (Matthew et al., 2000).

The element can then, finally, be filtered to separate the chromate solution. The recovery efficiency

of  chromium  can  reach  92%  under  the  optimal  conditions  (Silva  et  al.,  2005).  Furthermore,

sulphidation  and  oxidation  treatment  can  be  used.  Firstly,  mixed  electroplating  sludge  is

simultaneously  extracted  and  copper  vulcanised  at  pH  1.5  to  dissolve  the  metals,  and  Cu2+

precipitates in the form of CuS. Secondly, Zn is subjected to sulphurisation treatment at pH 4.5, and

then at pH 10, and the remaining liquid is oxidised with H2O2. The oxidation rate of Cr increases

when both the temperature and the amount of added H2O2 increase (Kuchar et al.,  2010). Metal

phosphate  and  chromium  oxide  nanocomposites  have  been  prepared  from  Cr-III  electroplating

sludge  using  an  extraction-precipitation-calcination  process.  Metal-phosphate/chromium  oxide

nanocomposite has a good potential to be used as a functional pigment in energy-efficient buildings

(Li et al., 2015).

3.2. Arsenic

Arsenic widely exists in contaminated soil and tailings produced from metallurgical processes. Some

sediments and bio-wastes also contain high concentrations of arsenic, which can cause significant

harm  to  the  environment.  In  recent  years,  due  to  irrigation  and  the  use  of  a  large  amount  of

groundwater in industrial processes (such as mining, non-ferrous metal smelting,  coal mining) as

well as the use of arsenic-based pesticides and municipal sewage sludge, arsenic concentrations in

soils have increased (Tsang et  al.,  2014; Niazi et  al.,  2018; Shakoor, et al.,  2018). Groundwater

contaminated  with arsenic has been a  serious  problem.  When arsenic in  soil  enters  plant  tissue,

metabolism  is  affected;  arsenate  weakens  phosphorylation  in  mitochondria.  Arsenite  inactivates

many enzymes by reacting with sulfhydryl proteins, hindering the moisture uptake in the plant. It

also affects the absorption of water and nutrients by plants and causes arsenic to accumulate in plant

tissue,  resulting  in  damage  to  chlorophyll.  Arsenic-containing  tailings  often  contaminate  soil,

   13

301

302

303

304

305

306

307

308

309

310

311

312

313

314

315

316

317

318

319

320

321

322

323

324

325

326

13



groundwater, and surface water, causing further damage to plants, animals, and humans (Mandal and

Suzuki, 2002).

Arsenic is ubiquitous in the environment and highly toxic to all forms of life. Trivalent arsenic is

more toxic its pentavalent form, and inorganic arsenic is more toxic than organic arsenic (Niazi et al.,

2018). High levels of organic arsenic compounds such as arsenic betaine and arsenic choline are

found in marine organisms, and they show good resistance to chemical degradation. Arsenic can

accumulate  in  organisms  and  then  slowly  excreted.  In  general,  organic  arsenic  compounds  are

excreted more quickly than inorganic arsenic,  and pentavalent arsenic is removed from the body

faster  than  trivalent  arsenic  (Mandal  and  Suzuki,  2002).  Arsenic  enters  the  body  of  organisms

through water pollution, and through the consumption of As-containing plants, dairy products, and

meat. Arsenic poisoning can cause melanosis, keratosis, hyperkeratosis, back edema, gangrene, skin

cancer, and other diseases (Singh et al., 2015b). Arsenic in the human body distributes in hair, nails

and teeth, generally in the order of 3-4 mg/kg, increases with age. The absorption of arsenic in the

human body is high for anionic and soluble species, but very low for insoluble species (Singh et al.,

2015b).

3.3. Selenium

Selenium (Se) is a non-metal  with intermediate  properties between sulphur and tellurium. Being

prone to mobilisation and bioaccumulation in aquatic organisms, selenium is toxic at high levels,

although it is an essential dietary micronutrient for humans and animals at trace concentrations. It

also  acts  as  a  fertiliser  additive  to  enrich  selenium-poor soils  for  plant  growth.  The Se  species

partitioning plays a significant role in its mobility and bioavailability. Oxidised Se predominately

exists as oxyanions dissolved in solution or adsorbed to mineral surfaces. Oxidised Se (i.e., selenite

and selenate) are highly soluble and more mobile than the less soluble elemental Se0 (Liu et al.,

2013).
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Selenium  originates  from  various  industrial  solid  wastes,  such  as  those  resulting  from  glass

manufacturing,  selective oxidation catalysts,  plating,  rubber compound synthesis,  and electrolytic

manganese  production.  It  is  estimated  that  the  world’s  consumption  of  Se  consists  of  40%

metallurgy, 25% glass manufacturing,  10% agriculture,  10% chemicals, 10% electronics, and 5%

other uses (United States Geological Survey, 2018). Selenium can be recovered from the electrolytic

refining of copper as well as from photocopiers and electronic materials. Coal is also a major source

of selenium (0.5–12 mg/kg) (United States Geological Survey, 2018), which is 80–90 times higher

than  the  average  concentration  in  copper  deposits.  Selenium  in  coal  is  released  during  coal

combustion, but it has a potential for recovery from coal fly ash. Selenium in coal ashes (including

fly ash and bottom ash) is a mixture of elemental Se0 and Se oxyanions, mostly existing as sulphide

and  organic  associations,  among  which  selenite  is  the  major  dissolved  species,  constituting

approximately 75−94% of the total Se (Liu et al., 2013). Selenium associates with coal ash by the

adsorption of Se oxyanions (selenite and selenite) on mineral surfaces such as Fe-, Al-, and Mn-

(hydr)oxides. In addition, solid solutions can be formed with minerals such as gypsum (CaSO4) and

hydrocalumite  (Ca4[Al(OH)6]2(OH)2  6H2O).  Selenium  in  fly  ash  also  coprecipitates  with

multivalent cations including Ca2+, Pb2+, and Ba2+ (Liu et al., 2013). The weak bonding with the

coal  solid  phase  means  that  Se  is  easily  released  and  almost  completely  volatilised  during

combustion (Izquierdo and Querol, 2012). As an important component of e-waste, Se enters the soil

after  industrial  or  municipal  solid  waste  disposal.  Its  transport  involves  metal  complexation  and

adsorption, which are closely related to landfill age (Adelopo et al., 2018), but does not appear to be

influenced by depth (Huang et al., 2016).

Leaching potential is regarded as an important parameter when elucidating the mechanisms of Se

migration and its impact on aquatic ecosystems. It has been reported that during leaching from coal

ash  samples,  dissolved  Se  generally  increases  with  a  decreasing  liquid-to-solid  (L/S)  ratio  and
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increasing reaction time, as well as a pH-dependent pattern (Liu et al., 2013). In a fly ash impact

assessment for groundwater quality, most elements including Se and Pb showed high leaching effects

at a L/S ratio of 5 (Dandautiya, et al., 2018). In these cases, the concentrations of Se in groundwater

samples from nearby the fly ash dumping site were up to 0.077 mg/L and higher than the World

Health Organization’s desirable drinking water limit  (0.04 mg/L).  When pH is less than 2.5, the

dominant species (H2SeO3) is not easily adsorbed on the surface of ash particles and so remains in

solution. It has been reported that over 70% of Se can be removed from coal fly ash at pH < 1

considering its primary surface association (Izquierdo and Querol, 2012). However, as pH increases,

the  dominant  anionic  species  HSeO3  −  and  SeO32−  can  be  adsorbed  onto  the  surface  of  ash

particles,  from which desorption of Se oxyanions plays a vital  role in Se release (Izquierdo and

Querol, 2012). Low proton levels under alkaline conditions promote the oxidation of elemental Se0,

thus boosting desorption or dissolution of Se oxyanions into the leaching solution. The amount of

leachable Se from coal fly ash increases with pH, and dissolved Se concentrations at pH of 13 are

13−81 times higher  than  at  pH 5 (Liu et  al.,  2013).  Therefore,  high Se leaching under  alkaline

conditions becomes a major concern about combustion wastes, and dynamic variations in ecosystems

(notably pH increases) can be conducive to higher rates of Se mobilisation. 

It has been reported in northern California that CCR from electrical power plants has had an impact

on the surrounding waterways (i.e., lakes and rivers) (Ruhl et al., 2012); in comparison to upstream,

Se was enriched at outfalls with concentrations as high as 87.2 μg/L, i.e., 17 times Chronic Criterion

Concentration  (CCC) of  Se for  aquatic  life  of  (5 μg/L)  as  identified  by the US EPA. Seasonal

thermal  stratification  (i.e.,  depletion  of  oxygen in bottom water  during  summer  and overturning

during autumn) also induces spatial and temporal changes in water chemistry, which can lead to Se

adsorption  onto  and desorption  from suspended solids  in  rivers  and its  accumulation  in  bottom

sediments.  Nonetheless,  Se can be immobilised  in  sediment  by forming elemental  selenium and

metal−selenium complexes and is not incorporated into pore water (Ruhl et al., 2012).
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Other important factors for Se are the nature of the combustion facilities at the source as well as the

chemistry of the receiving environment.  Effluent  from flue gas desulphurisation (FGD) systems,

which is usually  added to ash pond water for dilution,  has a higher enrichment  of contaminants

compared to ash discharged at outfalls. FGD disposal systems effectively remove volatile elements

associated  with  SOx,  and significantly  accumulate  contaminants  in  solid  wastes  and wastewater

discharged from power plants. Selenium concentrations are also higher at FGD outfalls compared to

outfalls that discharge ash only (without FGD). Anoxic conditions in water lead to lower dissolved

Se  concentrations.  The  oxidised  species  selenate  (Se(VI))  is  less  reactive  to  adsorption  onto

oxyhydroxides in aerobic conditions,  while anoxic conditions result in the conversion of Se into

reduced forms (e.g., elemental Se0 and FeSe) that possess strong adsorption affinity towards both

oxyhydroxides and clay minerals (Ruhl et al., 2012). Flow rate also plays a significant role in the

dilution effect and thereby influences the contamination level of the receiving waters. During periods

of drought, the dilution factor is reduced, e.g., a five-fold reduction in water flow would raise the

CCR contribution up to 22%, thus increasing the concentrations of contaminants in downstream river

water (Ruhl et al., 2012). In addition, changes in the ambient conditions of lake sediments (e.g., pH

and redox state) tend to result in the release of Se metalloids into pore water. 

3.4. Cadmium 

Cadmium (Cd) is considered an extremely toxic element for human and aquatic life. It is normally

immobile  under  near  neutral  and  alkaline  conditions  (Rizwan  et  al.,  2016).  Exposure  to  high

concentrations of Cd can damage the reproductive system, the lungs, DNA, and the kidneys, and can

cause problems for learning, cognition, behaviour, and neuromotor skills in children (Rizwan et al.,

2018). Consumption of cadmium and its compounds is linked to the wide use of industrial materials

such as alloys, coatings, batteries, pigments, and plastic stabilisers (United States Geological Survey,
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2018). For Cd in sewage sludge, concentrations ranging from 0 to 110 mg/kg were identified in

different sewage sludge around the world (Udayanga et al., 2018). An average Cd concentration of

2.13 mg/kg dry matter was reported across different seasons in sewage sludge from Greece (Spanos

et al., 2014), while a concentration of 1.7 mg/kg was reported for sludge in a sewage treatment plant

in France (Manon et al., 2019). In the latter case, a large proportion of Cd was associated with Fe-Mn

oxides  (52%)  and  oxidisable  fractions  (21%),  with  the  rest  being  associated  with  the  residual

fraction.  The  pH-dependent  leaching  of  Cd  showed  a  bell-shaped  relationship,  which  may  be

attributed to Cd desorption from Fe-Mn oxides the dissolution of Fe-oxide bearing phases, and the

leaching of organic ligands from particulate organic matter (Manon et al., 2019).

Disposal of e-waste, such as batteries and paint residual, is an important source of Cd in the aquatic

and soil environment in the vicinity of municipal landfill areas. Cadmium is reported as a potential

contaminant in both active and closed landfills,  presenting the highest health risk potential index

rating among other metals including Cu, Pb, Zn, and Ag (Adelopo et al., 2018). Depending on their

mobility,  these metals  can penetrate  through the  soils  and disperse vertically/horizontally  across

subsurface layers. A reduction in pH decreases Cd adsorption and increases its mobility through the

enhanced competition for negative surfaces between H+ and dissolved metals (Rizwan et al., 2017).

Metal  concentrations  generally  decrease  with  increasing  depth,  because  more  sorption  sites  are

provided by higher organic matter content in surface soils and higher pH conditions reduce metal

mobility in deeper soil profiles (Wu et al., 2015). As Cd mainly exists in an extractable form, it

shows a relatively weak vertical mobility compared with other metals (Jiang et al., 2019). It was

found  that  illegal  e-waste  recycling  activity  in  south  China  caused  severe  contamination  of

surrounding surface soils (Cd > 0.39 mg/kg, exceeding the guideline level of 0.3 mg/kg) and pond

water (Wu et al., 2015; Zhu et al., 2018). Furthermore, contaminated pond water has often been used

for  farmland  irrigation,  resulting  in  the  metal  contamination  of  paddy  soil  and  significant

environmental damage (Ok et al., 2011). It has been shown that closed landfill sites suffer more
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severely  from  metal  contamination  than  active  landfill  sites.  In  addition  to  landfill  age,  metal

concentrations also increase with a decrease in particle  size, which corresponds to the degree of

waste degradation. As discussed in Section 2, metals are not reduced but are redistributed or released

during waste degradation in landfill sites. E-waste recycling/disposal also promotes the release of Cd

into the atmosphere as well as the formation of airborne particle-bound metals that can be deposited

in the respiratory systems of humans living in the vicinity of recycling sites. For example, airborne

particle-bound Cd with an average concentration of 6.1 ng/m3 displayed a spatial distribution with

peaks at a distance of 0.56–1.0 m and 1.0–1.8 m from a recycling site, resulting in an incremental

lifetime cancer risk that was higher than the acceptable cancer risk threshold (Huang et al., 2016). 

Different from e-waste recycling zones, general MSW landfill appears to have less of an impact,

with typically lower Cd contents. In a life cycle assessment of MSW management system in Turkey,

Cd derived from industrial hazardous waste or household solid waste was found to be negligible (≤

0.05 mg/kg oven dry waste) (Yay et al., 2016). One study detected 1.0–3.0 mg/kg Cd in the fine

fraction (< 10 mm) of landfilled wastes, where Cd dominantly existed in its reduced form, but was

found in relatively low concentrations along with other potentially toxic elements such as Pb and Cr

(Burlakovs et al.,  2018). These metals were mostly bound in environmentally stable compounds,

meaning there was potential to recover materials from the landfilled wastes after appropriate safety

evaluations. It was found that Cd had little effect on bacterial communities (microbial distributions)

in a landfill area, as was the case for other sulphurophile elements (Cu and Zn) (Liu et al., 2018).

Metals  such as  Cd are  suggested  to  have  a  limited  influence  on  soil  bacterial  composition  and

diversity,  even  at  e-waste  sites  (Jiang  et  al.,  2018).  It  appears  that  soil  bacterial  taxonomic

composition and microbial diversity are more influenced by soil texture, organic carbon content, and

pH conditions (Sun et al., 2016; Jiang et al., 2019).
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Volatile Cd species are largely transferred from the MSW sources to fly ash during the incineration

process. MSW and coal combustion releases Cd to flue gas and fly ash; the most of gaseous forms

are condensed to or adsorbed by particles and thus retained in the fly ash (Zhang et al.,  2018b).

Cadmium accounts for approximately 20% of the metal availability in fly ash and mostly exists in

the non-mineral phase, resulting in its higher mobility and release than other metals (Du et al., 2018).

Cadmium mostly exists  as particulate  matter  in flue gas,  which is  collected in the fabric  bag or

electrostatic precipitator as fly ash (Ahmad et al., 2018). Metals with lower boiling points, such as

Hg (357 °C) and Cd (767 °C), are distributed more commonly in fine fly ash particles. In addition to

incineration, other thermal processes (such as pyrolysis, gasification, and hydrothermal treatment)

are also employed for the treatment of sewage sludge. Cadmium in sewage sludge was reported to

vary from below detection limits to 110 mg/kg and was more commonly found in acid-soluble and

Fe-Mn oxides fractions (Udayanga et al., 2018). Cadmium has a greater tendency for volatilisation

during  incineration  and  gasification  but  exhibits  moderate  volatilisation  during  pyrolysis  and

hydrothermal process.

Incineration  temperature  has  an  important  influence  on  the  metal  composition  of  fly  ash.  For

example, it was found that higher incineration temperatures (between 1003 °C and 1036 °C) led to

235% higher Cd concentrations in the fly ash, as the transfer rates of volatile metals were increased

(Shi et al., 2018). Cadmium exhibits a pH-dependent leaching pattern in fly ash, which is soluble in

acidic  conditions  but  becomes  immobile  towards  near-neutral  conditions  (Izquierdo and Querol,

2010).  Since Fe is oxidised to form (hydr)oxides in the early stage of combustion,  the resulting

alkalinity  of  the  solid  residue  delays  Cd  mobilisation.  However,  with  ageing,  neutralisation  of

alkalinity  and dissolution  of  carbonates  and oxides  occur  and  cause  a  reduction  in  pH and  the

subsequent mobilisation of metals. Therefore, industrial sources (e.g., wastewaters and uncontrolled

chemical pollution), acid rain, and contact with soil solutions that lead to a lowering of pH may pose

the  threat  of  metal  release  during the storage  or  disposal  of  fly  ash (Abramov et  al.,  2018).  In
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addition, chloride may enhance Cd solubility via complexation and shift the solubility curve to a

higher pH. During aging, fly ash forms a high carbonate content, which effectively immobilises Cd

in the form of otavite (CdCO3), and the formed calcite and hydrous Fe/Al oxides also present strong

adsorption, thus controlling the release of Cd (Du et al., 2018). Such adsorption also occurs in the

case of other mineral phases, such as Fe and Al (oxy)(hydr)oxides and amorphous aluminosilicates.

Particle size is another factor that effects the leaching behaviour. For example, fine particles (< 2

mm) of fly ash were found to contain 77% of the total Cd in all fractions below 16 mm, and thus

leached more extractable Cd and other metals (Abramov et al., 2018). 

3.5 Mercury

Mercury (Hg) is a heavy metallic element that exists in liquid form under standard conditions. The

most common forms of mercury include the less reactive volatile Hg0 species as well as soluble and

reactive Hg(II) forms, the latter tends to form soluble complexes with numerous ligands and surface

complexes on solids such as HgS and HgSe (Bartov et al., 2013). With toxic, persistent, and bio-

accumulative properties, mercury emission may pose a severe risk to the environment and human

health (Beckers et al., 2019). Mercury is widely used in various household items, such as alkaline

batteries,  button  cells,  fluorescent  lamps,  thermometers,  and sphygmomanometers,  as  well  as  in

some dental, electronics, and fluorescent-lighting manufacturing industries (Hu et al., 2018; United

States  Geological  Survey,  2018).  Mercury  released  into  the  environment  derives  from  various

sources,  including  mercury-containing  car  switches,  coal-fired  power  plant  emissions,  and

incineration of mercury-containing medical devices (United States Geological Survey, 2018). The

amount of mercury found in sewage sludge is relatively small. For example, less than 0.2 mg/kg Hg

was measured in several different sources of sludge (Spanos et al., 2014). However, direct mercury

emissions through gas or water from incineration or landfill  of sewage sludge have significantly

contributed to environmental toxicity. Hence, integrated sewage sludge treatment is environmentally

and economically recommended (Xu et al., 2014)
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Waste-to-energy (WTE) incineration is one of the major ways in which mercury in MSW is released

into the environment. In China, incineration constitutes 21% of the anthropogenic mercury emissions

in the Pearl River Delta district, while in north China, much more mercury derived from the use of

coal (Hu et al., 2018). Mercury in flue gas is mostly present in its oxidised form (75–85% Hg2+),

with only a small fraction existing in its elemental form (1–20 % Hg0) (Hu et al., 2018). During

incineration, the high temperatures in combustion chambers lead to mercury emission from the waste

as well as the supplementary fuel (i.e., coal) (O'Connor et al., 2019). Other elements present in the

MSW, such  as  chloride,  cause  mercury  oxidation  and  promote  the  formation  of  chloromercury

compounds in the flue gas. After cooling, the reactive and oxidised form (Hg2+) in flue gas can be

adsorbed onto unburnt carbon particulates and subsequently removed by particulate matter control

devices or captured by wet scrubbers. In contrast, volatile, chemically inert, and poorly water-soluble

Hg0 cannot be removed effectively from flue gas but can be oxidised to Hg2+ by selective catalytic

reduction devices (Hu et al., 2018). Devices for capturing particulate matter, primarily fabric filters

and electrostatic precipitators, perform well simultaneously removing mercury bound to particulates.

Activated carbon is often used as an effective adsorbent for mercury-specific control in incineration

flue gas in combination with other devices (Hu et al., 2018). 

Similarly, Hg derived from coal combustion in coal-fired power plants involves a similar process to

MSW incineration,  and the resulting concentrations  in  fly  ash and the flue gas  desulphurisation

products are also similar (O'Connor et al., 2019). Mercury, ranging from 0.001 to 10 mg/kg in CCRs,

is mainly bonded to sulphur, chlorine,  and carbon as Hg(I) and Hg(II) species (Deonarine et al.,

2013).  Mercury capture increases with a decrease in flue gas temperature and increases with an

increase in the amount of activated carbon (Hood et al., 2007). Improper disposal of these CCRs

would potentially transfer mercury into ecosystems such as waterways. For example, substrates in

ash  (such  as  sulphate)  could  stimulate  the  biomethylation  of  mercury  to  form  methylmercury
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(MeHg) via anaerobic bacteria in redox conditions. As a result,  sediments in surrounding aquatic

ecosystems  can  be  damaged  as  a  result  of  this  bioaccumulative  and  neurotoxic  organomercury

compound. Research has shown that coal ash disposal has led to elevated concentrations of total

mercury and methylmercury in the sediments of receiving rivers compared to upstream sediments

(Deonarine et al., 2013).

3.6. Lead

Lead (Pb) is a heavy metal with a high density and low melting point. Pb and its compounds are

poisonous, which may cause atmospheric, aquatic, and soil pollution, and have a significant effect on

animals and plants. Industrial wastes, commercial wastes, institutional wastes, and residential wastes

disperse  Pb-bearing  waste  into  the  environment  (Igalavithana  et  al.,  2019;  Li  et  al.,  2019).

Automobile exhaust emissions are the most important sources of Pb in the dust collected from the

roadside, while non-exhaust emissions are also important sources (Li et al., 2018a). Mine tailings,

coal ash, smelting waste, and clinker are the main five solid waste. Of these, mine tailings are the

main source of solid wastes but have the lowest utilisation (Xu, 2018).

Lead  smelting  slag  is  mainly  derived  from pyrometallurgy  (De  Angelis  and  Medici,  2012).  At

present,  research  on  the  resource  utilisation  of  lead-smelting  slag  has  mainly  focussed  on  the

recovery of valuable elements, the use of building materials, and the preparation of mine filling.

Waste lead-acid batteries with lead grids and battery paste are a significant source for Pb recovery.

Lead grids generally have relatively stable components and can be directly recovered under low-

temperature  smelting,  but  battery  paste  needs  a  more  complex  recovery  process.  Pre-treatment

involves direct and indirect melting, where the battery paste of waste lead-acid batteries is melted at

1000 °C, or the sulphur in waste lead-acid batteries is removed by adding desulphuriser at relatively

low temperatures before smelting. The lead sludge or lead paste from desulphurisation is then put

into the furnace. Lead-contaminated gas, dust emissions, and other forms of pollution may occur if
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this material is not properly handled (Zhang et al., 2019). Typical hydrometallurgy includes leaching

or  desulphurisation,  electrowinning  or  cementation,  and subsequent  smelting  and casting.  In  the

leaching process, inorganic acids (such as hydrochloric acid and nitric acid) are used to dissolve

lead-containing  substances  or  for  desulphurisation,  after  which  electrolysis  is  carried  out.  After

electrolysis, more than 99.9% of lead can be obtained on the cathode. Recovery of lead oxide from

waste  lead-acid  batteries  can  be  achieved  as  follows:  inhomogeneous  surface  of  active  material

crystals  is  first  removed  by  oxidation  or  reduction,  and  then  desulphurised;  lead  oxide  is  the

produced  by  calcining  at  400–500  °C;  hydrogen  chloride  can  then  be  used  to  recover  battery

materials, while sodium chloride can promote the dissolution of lead sulphate. The leaching rate of

this  method can reach 99%, but its  corrosiveness  to equipment  and impurity  removal  remains  a

concern. 

Lead-containing  solid  wastes  in  some developing  areas  are  still  accumulating,  which  results  in

excessive occupation of land (Zhang et al., 2019). Open air stacking of fine Pb-bearing tailings and

soot particles is likely to release dust and cause air pollution. Piled Pb may be eroded by rainfall into

the surrounding soils. Even after MSW deposition in the landfill, airborne particulates may contain

Pb depending on meteorological factors, landfill activity, and waste degradation (Bodihardjo et al.,

2018). After erosion by rainfall and surface runoff, discharge and dispersion of contaminated water

can  cause  soil  contamination  and subsequent  damage to local  ecological  systems.  The Pb-laden

particulates in the air can cause widespread contamination through atmospheric deposition (Zhou et

al.,  2018).  Lead  has  a  highly  negative  charge  and  can  easily  form  covalent  bonds  with  iron,

aluminium, manganese and other oxides, organic matter, and carbonates. When Pb enters plants, it

firstly  affects  cell  membranes  and  then  influences  a  series  of  physiological  and  biochemical

processes in cells, which all lead to metabolic disorders. Factors affecting the absorption of Pb by

plants are diverse and determined by the ecological characteristics and external environment (e.g.,

pH, oxidation-reduction potential, and chemical interactions). In addition, Pb-entrained particulates
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in  the  air  can  enter  plants  via  deposition  (Zhou  et  al.,  2018).  Human  may  intake  Pb  via  the

respiratory tract, digestive tract, and skin. Children are particularly susceptible to atmospheric Pb.

Lead causes damage to all organs, especially during the childhood growth period. The effects of lead

on tissues and organs are permanent and irreversible even if environmental pollution is rectified.

3.7 Treatment of metal(loid)-containing wastes 

Conventional waste treatment such as incineration and landfill would cause diverse adverse impacts

on human health as well as freshwater, marine, and terrestrial ecotoxicity due to the release of metals

in the waste streams. To address these problems, advancement has been made based on conventional

treatment facilities. Air pollution control devices (APCDs) are installed to mitigate metal pollution

from MSW incineration process. Electrostatic precipitators, bag filters, and wet scrubbers are used to

capture fine fly ash (0.1–1.0 μm) and toxic gaseous compounds in the exhaust, while the coarse ash

particles (1–20 μm) present in flue gas stream are generally captured by cyclones (Udayanga et al.,

2018). Fabric filter shows high efficiency in capturing most Cd, Cr, Cu, Ni, Pb, and Zn (Ahmad et

al., 2018). As the majority of Hg in flue gas passed through the fabric filter to the upstream of the

wet scrubber and existed in an oxidized form, the wet scrubber could efficiently remove oxidized Hg

by reduction to elemental Hg, achieving 75-93.2% Hg removal with injection of activated carbon

(Ahmad et  al.,  2018;  Hu et  al.,  2018).  Nano-structured  zinc  sulphide  as  a  novel  adsorbent  also

effectively captured Hg from flue gas to fly ash with less than 0.01% leaching (Li et al., 2018b). 

The addition of absorbent materials during combustion process effectively reduces the metal content

in  the  solid  residues.  For  example,  the  calcium-based  adsorbents  (i.e.,  CaO  and  CaCO3)

accomplished volatilization rate of Cr and Zn up to 35.7% and 84.0% for food waste combustion (Ke

et al., 2019). During the process, the CO2/O2 ratio, furnace temperature, and Ca type make a crucial

influence on the metal removal. Metal recovery from flue gas scrubber sludge by hydrometallurgical

process obtained recovery rate of Pb, Hg, and Se of 99.6%, 98.9%, and 95.5%, respectively (Xing et
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al., 2018). As for dumping sites with buried wastes, rapid and high contamination in the surrounding

aquifer is often observed. The installation of permeable reactive barriers can relieve the groundwater

contamination by adsorption and precipitation,  which largely reduced metal concentrations in the

outflow (Kumarasinghe et al., 2017). 

Emerging mitigation and treatment approaches to overcome these problems are summarized in Table

3. From the perspective of sustainable waste management, waste separation and metal recovery are

important to alleviate the negative effects from metals in the wastes. Pre-sorting prior to incineration

can effectively decrease the metal content in source materials and increase the combustion efficiency

as well as heat values for incineration. A system of source-classified collection of MSW was proved

to decrease metal content from 1.22% to 0.17% and substantially reduced the leachate toxicity of

bottom ash (Shi et al., 2018). Policies and regulations contribute significantly to the mitigation of

PTEs in waste streams. The global Minamata Convention on Mercury since 2013 has facilitated the

reduction of anthropogenic emissions and releases of mercury over the 140 countries in the world.

For example, China has implemented several national plans for gradually phasing out the mercury-

containing products from the markets by limiting mining activities and usage of mercury industrial

productions (Hu et al., 2018).

In addition to mitigate PTEs contamination in the system design level, metal immobilization is also

an essential solution if there is further reuse of such waste materials. Stabilisation (e.g., carbonation

and  chemical  stabilisation)  (Li  et  al.,  2017)  and  extraction  (e.g.,  acid  washing  and  chemical

extraction) are frequently used (Beiyuan et al., 2017a; Kirkelund and Jensen, 2018). As an example,

for chemical extraction, As can be extracted from the solid waste by adding a weak acid salt such as

ammonium acetate or oxalate or alkaline solutions (Beiyuan et al., 2017b; Kim et al., 2016). High

liquid-to-solid ratio, pH, and oxidizing conditions are effective for facilitating metal depletion from

fly ash (Weibel et al., 2017). Chemical leaching and metal recovery can be combined with waste-to-
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energy utilization. Metal desorption via electrodialytic treatment is also used for PTEs removal from

incinerator fly ash, which employed ion exchange membrane to remove anions and cations from the

ash suspension to the concentrate by the applied current (Kirkelund and Jensen, 2018). This process

was pH dependent, where Cd was only desorbed at acidic conditions. Besides, biosorption involving

chelation, ion exchange, complexion, adsorption, absorption or micro-precipitation can also act as a

potential  way  for  remediation.  Indigenous  fungi  achieved  a  cadmium  removal  of  72.4%  from

municipal solid wastes leachate at spore concentration of 10-5, pH of 6.0 and temperature of 45 oC

(Awasthi et al., 2017). Bioleaching or microbial  reduction can be applied for As treatment using

exogeneous bacteria, but the treatment cycle is long (Lee et al., 2015; Yamamura et al., 2008).

In recent years, the concept of green remediation is being extensively explored through stabilization/

solidification, where contaminated wastes (such as ashes) can be utilized and recycled for secondary

uses (Wang et al., 2018b; Wang et al., 2019). These practices effectively minimize the cost of waste

disposal and resource extraction, thus sustainably reducing the environmental footprints and closing

the waste loop. For example, synthesis of zeolite from coal combustion residues or incinerator sludge

ash is considered as a safe application to immobilize toxic elements (Feng et al., 2018; Zhang et al.,

2018a). Besides, diverse combustion ashes such as coal or incinerated ash as well as sewage sludge

ash, can be utilized for blended cement or concrete block production (Wang et al., 2018c; Yin et al.,

2018).  Cement-solidified  fly  ash  via  natural  ageing  forms  the  high  contents  of  carbonates  and

iron/aluminium hydroxides, which significantly controlled leaching of Cd, Cu, and Zn (Du et al.,

2018). Recent research studied contaminated sediment and fly ash for producing non-load-bearing

masonry units or fill materials for construction uses (Wang et al., 2015; Wang et al., 2018b). The

microporous structure and high surface area of sediment blocks has effectively immobilized metals

(such as Ni, Pb, Cu) by the C–S–H gel and hydration products with minimal leachability. However,

in  some cases,  mobility  of  Cr,  Cu,  Pb and Zn would increase  after  cement  stabilization  due to

dissolution  of  hydroxides  in  alkaline  condition  and  presence  of  chloride,  sulphate,  and  organic
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fractions  (Yin  et  al.,  2018).  Cement-based  materials  can  greatly  stabilize  the  Pb-smelting  slag,

however, Pb may be released under weak acidic conditions (Angelis et al., 2012). When Pb-smelting

slag is used as fine aggregate of road material, the mixture of asphalt and slag is formed and the

shear resistance, drainage capacity, and percolation characteristics basically meet the requirements of

environmental protection (Saikia et al., 2012).

As an alternative,  recycled  solid  wastes  can serve as sorbent  material  for metal  sequestration in

wastewater treatment. To utilize the high affinity of PTEs to organic matter, a study explored to use

MSW organic windrow compost to remediate contaminated soil and achieved Cd (89.8%) and Zn

(64.0%) adsorption capacities (Lima et al., 2018). Industrial wastes such as blast furnace slag, fly

ash,  and  red  mud  are  also  studied  for  metal  removal  from  aqueous  solutions  (Ahmed  and

Ahmaruzzaman,  2016).  Biochar,  as a waste biomass-derived material,  is  emerging as a low-cost

adsorbent for removal of potentially toxic elements such as Cr, Cu, As, and Pb from wastewater and

stormwater (Zhou et al., 2017; Mohanty et al., 2018; Rajapaksha et al., 2018). In addition to sludge-

derived biochar which proved to stabilize metal-contaminated soils (Fang et al., 2016; Beiyuan et al.,

2017c; Yoo et al.,  2018), recent advances on tailoring biochar into functional carbon composites

(Xiong et al., 2017; Sun et al., 2019) shed light on synthesis of novel and sustainable materials for

environmental remediation. 

4. Fate of radioactive elements and their treatment

4.1 Uranium 

With  the  development  and  utilisation  of  nuclear  energy,  the  uranium  mining  and  metallurgy

industries  have  developed  rapidly.  The  mining  and smelting  of  uranium have  produced  a  large

amount of uranium-containing waste rock and tailings, which have become the most serious source

of uranium pollution. Currently, the world's accumulated more than 20 billion tonnes of uranium

tailings  and more than 40 billion  tonnes  of  uranium waste  rock.  Uranium has  caused relatively
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complicated radioactive pollution; as the grade of uranium ore continues to decrease, the amount of

waste rock and tailings produced will increase (Bowker et al., 2007). Uranium tailings ponds are

sites  of  recovery  for  slag  and other  low-level  radioactive  wastes,  which  contain  a  considerable

amount  of  radionuclide  uranium (Table  4).  Thus  far,  22  countries  in  the  world  are  engaged in

uranium mining and metallurgy production, and there are more than 4,000 uranium tailing ponds.

Large uranium tailing ponds can store tens of millions of tonnes of uranium tailings, whereas small

ponds can also store from dozens to millions of tonnes of uranium tailings. The country with the

largest volume of uranium tailings in the world is Kazakhstan, accounting for 23% of the global

total,  followed by Germany (17%), Ukraine (14%), and the United States (13%) (Bourva et  al.,

2014). In China, uranium resources are mainly found in East, Central, and South China, accounting

for approximately 80% of the total  uranium production.  Based on this distribution, 70%–80% of

uranium resources are in humid and rainy hilly areas. Most uranium deposits are typically located in

temperate monsoon and subtropical monsoon climates (Déjeant et al., 2014). 

Solid  waste  containing  uranium mainly  exists  in  the  form of  uranium waste  rock  and  uranium

tailings, which are the main sources of uranium pollution. According to the pollution potential of the

uranium tailings reservoir and the release potential of uranium from other pollution sources, uranium

can be divided into the following six fractions:  (1) exchangeable (water-soluble);  (2) carbonate-

bound;  (3)  organic  matter-bound;  (4)  amorphous  iron-manganese  oxide/hydroxide-bound;  (5)

crystalline  iron-manganese  oxide/hydroxide-bound;  and  (6)  residual  (Liang  et  al.,  2014).  The

exchangeable fraction of uranium refers to non-specifically adsorbed uranium on the surface of solid

media by outer-sphere weak coordination. This form of uranium is most likely to be released into the

environment through the effects of rainfall and surface runoff, presenting the greatest potential threat

to the environment. The carbonate-bound fraction refers to uranium that is adsorbed on the surface of

carbonates or that is co-precipitated. This form of uranium is highly susceptible to pH change and
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release into the environment, also posing a potential threat to the environment. Organic matter-bound

uranium  is  chelated  with  organic  matter,  which  can  be  released  following  the  oxidative

decomposition of organic matter. Amorphous iron-manganese oxide/hydroxide-bound fraction refers

to  uranium  that  is  adsorbed  or  precipitated  by  an  amorphous  iron-manganese  oxide/hydroxide

component, which has poor stability and is prone to release under reducing conditions. Crystalline

iron-manganese oxide/hydroxide-bound uranium refers to uranium that is adsorbed or co-precipitated

by a crystalline iron-manganese oxide/hydroxide component, which is released only under strongly

reducing conditions. Residual fraction refers to uranium that is firmly bound to primary or secondary

silicate minerals. This form of uranium is not easily released under natural weathering conditions and

can be stabilised for a long period of time without any significant impact on the environment.

A large  number  of  uranium tailings  may release  pollution  via  rupturing  of  the  conveying pipe,

leakage from the tailings pond, and flooding of the tailings mine dam by heavy rain (Zhijie et al.,

2014). In addition to the toxic effects of heavy metals, uranium also produces a certain amount of

radioactivity. Since uranium tailings contain all the decaying bodies and uranium remaining after

smelting, most 230Th and 226Ra is concentrated in the tailings. The radioactivity of uranium itself is

not strong, but its half-life is long and produces decaying daughter products with high radioactivity.

Therefore, the radioactive hazard persists for a considerable period of time after decommissioning of

uranium tailings. The radioactive contamination of uranium tailings is not as easily detected as other

types of pollution, and the sensitivity of different organisms to radioactivity varies widely. Singh et

al. (2015a) studied the accumulation of major pollutants in a uranium tailings pond and the affected

areas. Different plants grew under the same environment, while the biological concentrations and

elemental accumulation in some plant species were more obvious than in others (Singh et al., 2015a).

In general, human exposed to the same levels of radioactivity will be much more affected than other
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organisms. The latency of the carcinogenic effect of radiation is less than three years but can be more

than 20 years. The genetic effects of radiation can also be delayed.

Uranium from the tailings migrates into the soil under natural conditions, causing its accumulation in

the soil.  The concentration of uranium ions in  the soil  decreases  with increasing depth,  and the

affected  depth does  not  generally  exceed 30 cm. Uranium is  transferred  to  plants  via  microbial

activity. Different species of plants show large differences in their accumulation of radionuclides and

heavy metals. There are also large differences in the enrichment of uranium in different parts of

plants.  For  example,  stems  and  leaves  of  plants  are  more  enriched  than  seeds.  When  uranium

accumulates  to  a  certain  concentration  in  plants,  it  will  affect  normal  growth and can  result  in

eventual death. More importantly, uranium accumulated in plants enters the human body through the

food chain.  In an experiment,  three plants  (corn,  sunflower,  and green pea)  were grown in four

matrix variants for 40 days (Santos et al., 2011). The results showed that the concentrations of U in

the plants were dependent on plant growth; the concentrations of uranium in the substrates were

important, and the uranium contents in the upper part and root of sunflower, corn, and pea were

different. The concentrations of uranium in roots were significantly higher than in the above-ground

biomass,  and the uranium content in sunflower was higher than in corn and pea; the dry matter

quantity of sunflower was the highest, followed by corn and green pea (Stojanovic et al., 2009). The

uranyl  ion  (UO22+)  that  enters  the  human  body  can  bind  to  the  kidneys  and  other  organs  in

combination with biomolecules, accumulates, and causes necrotic glomerular necrosis, tubular wall

atrophy, and malignant bone and kidney lesions (i.e., tumours).

4.2. Radium

Naturally occurring radioactive radium may become concentrated in residues, waste materials, and

end products of non-nuclear industrial  activities such as fossil  fuel burning. In particular,  energy
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production from fossil fuels such as coal may lead to the enrichment of radium, which significantly

increases human exposure to radiation. Coal-fired power plants generate large amounts of ash with

naturally occurring radioactive radium (Figure 2). Radium-226 and Radium-228 are the main sources

of low-dose ionizing radiation exposure in coal ash. Radium in coal ash would migrate to the soil

under natural conditions, resulting in accumulation in the soil and subsequent absorption in plants.

As an alkali-earth element with oxidative state of +2, radium has a higher solubility and is more

biologically available to plants. Coal fly ash is widely used not only as supplementary material in

concrete  construction  but  also  in  road  construction  and  asphalt,  leading  to  a  potential  risk  of

radioactive contamination. All isotopes of radium are highly radioactive, with the most stable isotope

being radium-226, which has a half-life of 1,600 years. Radium-228 is also a stable isotope, with a

half-life of 5.75 years. It was estimated that over 130 million tonnes of coal combustion residues are

generated in US power plants every year. Globally, coal-based power generation produces over 750

million tonnes of coal ashes per year. It was estimated that all forms of released radium-226 amount

to approximately 1.55 TBq y-1, with gross particulate dispersion rates of 7.4 GBq y-1 (18.5 MBq d-

1) (Laura et al., 2009).

For coal ashes, based on the modified sequential extraction method, radium can be divided into the

following six fractions: (1) water-soluble; (2) ion-exchangeable; (3) carbonate-bound; (4) free oxide;

(5)  sulphide-bound;  and (6)  residual.  Approximately  74% of  Radium-226 exists  in  the  form of

residues,  a  certain  amount  exists  in  the carbonate-bound fraction,  a  small  amount  in  the water-

soluble,  free  oxide,  sulphide-bound  fractions,  and  almost  none  in  ion-exchangeable  fraction.

Radium-228 also primarily exists in the form of residue (approximately 48%). There is a moderate

amount in sulphide-bound and free oxide fractions, a small amount in carbonate-bound fraction, but

none in water-soluble and ion-exchangeable fractions. Although some fractions of the isotopes also

occur in association with vertical migration and root uptake, these nuclides are generally associated

with  the  soil  material.  Radioactivity  decreases  with  an  increase  in  soil  pH  value.  The  highest
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activities of natural 226Ra have been found in soils where carbonates have been leached, while lower

radioactivity has been found in soils with the highest content of carbonates (Xin et al., 2015).

The release of coal ashes with high levels of radioactivity into the environment has the potential to

generate resuspended ambient fine particles (< 10 μm). Inhalation of fly ash emitted from the stacks

and through the ingestion of foodstuffs receiving atmospheric deposition are the main pathways of

human exposure to radiation. Leaching of contaminants from coal ashes causes heavy contamination

of surface waters in areas of restricted water exchange, but only trace levels are found downstream

due to dilution. However, the accumulation of coal ash in river sediments has a potential impact on

downstream  ecology  through  fish  poisoning  in  anaerobic  river  sediments.  Similarly,  the

accumulation of radioactive material in the ground near to coal-fired plants also results in higher

levels of radioactivity in soils compared to soil located further away. This affects plant growth and

possibly further enhances human uptake through the food chain. Emissions from coal-fired power

plants in gaseous and particulate forms containing nuclides probably accumulate in the surrounding

environment, thus exposing local populations to radiation (Bozena et al., 2017).

4.3. Potassium 

Potassium is an active reducing agent, which is easily oxidized to +1 valence of stable state. Since

potassium has a high hydration energy, most potassium compounds are soluble in water. Naturally

occurring potassium (K) is composed of three isotopes, namely K-39 (93.258%), K-40 (0.012%), K-

41 (6.730%), of which K-40 is radioactive (Meija et al., 2016). Plants cannot distinguish isotopes

similar in chemical properties when absorbing essential nutrients, so K-40 will be untaken by the

plant's roots along with non-radioactive potassium and distributed throughout the plant (James et al.,

2011). The soil-to-plant transfer factor of potassium in leaves was in the range of 0.49-5.6 with a

mean of 1.4 (IAEA, 2010). Leached radioactive material may directly or indirectly enter human body
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through drinking water and food, and result in radiation contamination of terrestrial and freshwater

ecosystems (Aliyu et al., 2015). In fact, potassium is an essential element for human and its average

concentration in a male adult reaches approximately 2 g per kg of body weight (Gautam et al., 2015).

Most of the internal  radiation  dose received by human is  attributed to the consumption of food

contaminated with different radionuclides (Khan et al., 2010). The total ingestion dose from natural

radioactivity is about 0.21 mSv/y, of which more than 90% is attributed to K-40 (Verma, 1999).

Potassium-40 is uniformly distributed throughout the tissues and organs of the human body, with a

biological half-life of 30 days (Rabitsch and Pichl, 2008). The potassium content  of the body is

constant and is not affected by variations in environmental levels due to homeostatic control. 

With  a  half-life  of  1.248 ×  109 years,  K-40  can  stably  exist  in  the  natural  environment.  It  is,

therefore, a major source of natural background radiation. There is no commercial or medical use of

potassium radionuclides, however, K-40 is widely present in various types of solid wastes, mainly

due to industrial production and construction activities (Sas et al., 2017; Schroeyers et al., 2018).

Only a very small proportion of solid waste has a concentration of K-40 that exceeds the suggested

limit of 10,000 Bq/kg (IAEA, 2014). This portion of solid waste is categorised as “technologically

enhanced naturally occurring radioactive material” (TENORM), i.e., naturally occurring radioactive

materials that have been concentrated or exposed to the environment as a result of human activities

such as manufacturing, mineral extraction, and water processing.

Solid  wastes  containing  K-40  are  mainly  derived  from  two  sources  —  oil  and  gas  resources

exploitation  and  thermal  power  generation.  In  the  process  of  oil  and gas  resource  exploitation,

radioactive potassium is gradually released from the rock matrix and is pumped to the surface with

water, this finally precipitates as scale and sludge (Gazineu and Hazin, 2008). The largest volumes of

scale  occur in three areas:  (1) water lines  associated with separators;  (2) heater treaters  and gas

dehydrators; and (3) oil stock and water storage tanks. Sludge mainly occurs in tanks, oil and gas
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separators, dehydrators, storage tanks, and at the bottom of slush pits. According to the US EPA, oil

production processes used in conventional drilling generate an estimated 230,000 MT or 141 m3 of

TENORM sludge each year. The global average activity concentration of K-40 in soil is 412 Bq/kg,

and in the Earth’s crust is 750 Bq/kg (UNSCEAR, 2008). The activity concentrations of solid waste

generated by the oil and gas industry fluctuate depending on geological factors. For example,  in

Brazil, the maximum radioactivity of K-40 in scales and sludge reached 144.6 kBq/kg and 53.8 kBq/

kg, respectively, while the lowest values could not be detected in the states of Sergipe and Alagoas

(Gazineu and Hazin, 2008).

4.4. Treatment of radioactive elements 

In summary, the main technologies for controlling radioactive elements are S/S method, backfilling

method,  containment  method,  biochemical  repair  method,  and integration  of  the above.  For  S/S

method, cementitious materials could be employed as agents for the immobilisation of radioactive

elements. Supplementary cementitious materials such as fly ash, silica fume, calcined clay were used

to  reduce  carbon footprint  and improve the  S/S efficiency for  radioactive  wastes.  Utilization  of

tailings or waste rock containing radioactive elements as backfilling material is also an option. It can

not only reduce the cost of using other materials, but also reduce the accumulation of radioactive

waste on the ground which expose harms to people. Nevertheless, backfilling method is more likely

to  contaminate  the  groundwater  body  than  other  treatment  methods  (Mishra  et  al.,  2014).

Containment by covering the tailings can also prevent pollution. It has a wide application range and

is  suitable  for  long-term treatment  of radioactive  tailings  (Tan et  al.,  2012).  However,  there are

problems associated with ecological restoration of the surface and potential  harm to animals and

plants. Biochemical repair of radioactive waste is a method of adding microorganisms and chemicals

(e.g., carbonate/bicarbonate) or planting plants in the tailings (Santos et al., 2011). Choosing suitable

plants and harvesting the above-ground parts with excessive accumulation characteristics of specific

nuclide relieve the radioactive pollution in the soil (Li et al., 2011). Unlike the backfilling method
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and  containment  method,  the  biochemical  repair  method  removes  the  contaminant  instead  of

isolating it. In an integrated approach, the synergistic effects of different methods improve the ability

to remove/stabilise harmful substances and reduce long-term hazard. 

5. Fate of rare earth elements (REEs) and their treatment

5. 1. Natural existence of REEs in mineral deposits

Rare earth elements (REEs), as defined by the International Union for Pure and Applied Chemistry

(IUPAC), incorporate a group of 17 elements consisting of 15 lanthanides as well as yttrium and

scandium, covering Ce, Dy, Er, Eu, Gd, Ho, La, Lu, Nd, Pr, Pm, Sm, Sc, Tb, Lu, Tm, Yb, and Y.

The term “REY” is sometimes used to denote rare earth elements plus yttrium. REEs are usually

divided into the light rare earth elements (LREEs), including La through Sm, and heavy rare earth

elements  (HREEs),  including  Eu  through  Lu.  LREEs  are  abundant  in  bastnäsite

[(Ce,La)CO3(F,OH)]  and  monazite  [(Ce,La,Nd,Th)PO4],  while  HREEs  are  usually  present  in

apatite,  cheralite,  eudialyte,  loparite,  phosphorites,  rare-earth-bearing  (ion  adsorption)  clays,

secondary monazite, spent uranium solutions, and xenotime (Duta et al., 2016). Their states vary

from REY-bearing minerals and glass to fine nanoparticles embedded within the amorphous carbon

surrounding the glassy particles (Hood et al., 2017). HREEs are preferentially desorbed by acidic

solutions, have a stronger organic affinity, and present more stability in their complex forms than

LREEs (Hower et al., 2016). Furthermore, based on the abundance and industrial demand, REEs can

be classified as critical (Y, Nd, Eu, Tb, Dy, and Er), uncritical (La, Pr, Sm, and Gd), and excessive

(Ce, Ho, Tm, Yb, and Lu) (Hower et al., 2016).

Their  unique  structures  (4f  orbitals)  and  distinctive  properties  render  REEs  critical  for  various

industrial  applications,  including  uses  in  superconductors,  photonic  device  permanent  magnet

materials,  etc.  (Chen et  al.,  2019). Moreover,  REEs show great prospects for sustainable energy

fields such as wind power, electric vehicles, and energy-efficient lighting (Tan et al., 2017). REEs
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show a scattered geological distribution with generally low abundance, unevenly distributed around

the world. It is estimated that the total demand for REEs will grow by over 50% by 2020 (UNEP,

2009). As the largest export source of REEs, China is meeting more than 90% of the global REE

demand, and this monopoly is prompting other countries to develop techniques for identifying and

recovering REEs. Recent studies on the fate of REEs in solid wastes are summarised in Table 6. 

Conventional mining includes ore deposits, grinding, and cracking of minerals to produce mixed rare

earth oxide concentrates, separation and purification of oxides, and refining to produce industrial

grade  REEs  (Duta  et  al.,  2016).  Conventional  REEs  production  requires  high  temperature  and

stringent treatment conditions, consuming a high amount of energy as well as generating significant

volumes of toxic wastes and acidic wastewater. Moreover, a high content of thorium and uranium in

REEs-bearing  ores  (up  to  10%) may  result  in  the  emission  of  radioactive  wastes  during  REEs

mining.  This  appeals  for  comprehensive  disposal  regulations  (Fathollahzadeh  et  al.,  2018a).

Exploitation  for  REEs is  challenging  as  REE-containing  minerals  seldom occur  in  concentrated

forms but are usually present together in the same deposits (Tunsu et al., 2015). Similar chemical

properties of REEs further add to difficulties in their separation and purification. 

That said, the chemical behaviours of sub-structures, known as the tetrad-effect, are utilised in the

recovery of REEs in groups of adjacent elements. This is because the stabilisation energy related to

the inter-electron repulsion energy of the electrons can cause the ionic radii to decrease within the

lanthanide series,  thus resulting in variation in the strength of the complexes that REEs form in

aqueous  solutions.  Hence,  heavier  REEs  create  stronger  complexes  with  extractant  molecules

compared  to  lighter  REEs,  while  yttrium complexes  have  an  ionic  radius  comparable  to  heavy

lanthanoids.  Nevertheless,  it  is  still  challenging  to  accomplish  complete  separation  of  adjacent

elements  on  a  large  scale  (Tunsu  et  al.,  2015).  Biotechnology  is  currently  emerging  as  an

environmental  alternative  for REEs extraction  from minerals,  with the release of  less hazardous
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waste. Bioleaching of monazite has recently been reported using a combination of heterotrophic and

autotrophic acidophilic microorganisms, which solubilised REEs (Ce, La, Nd, Pr, and Y) up to a

final concentration of 40 mg/L (Fathollahzadeh et al., 2018b).

5. 2 Recycling from coal combustion residues

As REEs ore  deposits  are  often  laced  with  radioactive  elements  such  as  uranium and  thorium,

extraction  would cause radioactive  stockpiles.  Other  environmental  impacts  include soil  erosion,

biodiversity loss, land use change, flooding; pollution of air, soil, and water; and crop uptake of

REEs.  All  pose severe threats  to human health.  As a result,  waste-derived sources of REEs are

attracting  attention  as  an  alternative  approach.  Coal  fly  ash  and  other  combustion/incineration

residues serve as promising secondary sources for REEs recovery, showing both economic feasibility

and environmental sustainability. The content depends on the characteristics of coal. For example,

more than 1,000 mg/kg of REEs has been reported in heating plant stoker ash from Kentucky State

University, while up to 1,220 mg/kg of REEs was found in stoker ash from a Kentucky power plant

burning Appalachian Basin coal (Taggart et al., 2016; Hower et al., 2018). Nitric acid digestion is

generally used for REE extraction. Research has shown that pretreatment with an alkaline agent (e.g.,

lime  roasting)  tended  to  liberate  REEs  without  resorting  to  hydrogen  fluoride  digestion,  which

mitigates  environmental  hazard  as  well  as  increasing  REEs extractability  (Taggart  et  al.,  2016).

Bioleaching using H2SO4 and mixed culture of acidophilic bacteria achieved recovery rates of 76%

Nd, 52% Sb, and 48% Ce from MSW incineration fly ash (Funari et al., 2016).

5.3. Recycling from other end-of-life products 

Urban mining is defined as the "systematic management of anthropogenic resources stocks and waste

(products and buildings), in the view of long-term environmental protection, resource conservation,

and economic benefits” (Cossu, 2013). As such, urban mining is emerging as an approach to REEs

recycling  from e-waste  and  other  wastes  streams  including  construction  and  demolition  wastes,
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combustion  residues,  sludge,  exhausted  oil,  previously  landfilled  wastes,  and  industrial  residues

among others (Tunsu et al., 2015).

Notably high concentrations of REEs were detected in the surface waters of the San Francisco Bay

area,  presumably due to  the  discharge of refractory magnetic  resonance imaging contrast  agents

(used  in  hospitals  and medical  research  centres)  via  wastewater  treatment  plants.  Urban mining

might be a useful means of tackling some of the undesired effects of REEs discharge. Unlike the

primary REEs ores, recycled REEs material does not contain radioactive substances, implying that

health problems can be partially mitigated (Duta et al., 2016). In construction and demolition waste

management,  up to  100% metal  recycling  performance is  expected  for the potential  closed-loop

waste lifecycle (Kucukvar et al., 2016). Urban mining recovery of technology-critical elements from

waste sources such as spent batteries, mobile phones, and magnet motors is a promising strategy to

relieve pressure on both resource depletion and environmental pollution (Zuo et al., 2019). Future

perspectives  may  focus  on  overcoming  disadvantages  such  as  collection  and  dismantling

requirements, difficulty of separation by conventional milling operations, and matrix heterogeneity

(Tunsu  et  al.,  2015).  Furthermore,  the  adoption  of  geographic  information  systems  for  a

comprehensive overview may offer a potential means of developing urban mining (Koutamanis et

al., 2018).

Currently, some chemical and electrical companies (e.g., Umicore and Solvay Rhodia, Mitsubishi

Electric, and Veolia Environmental Services) are making efforts to develop REEs waste recycling

processes  (Duta  et  al.,  2016).  Permanent  magnets  are  an  important  means  of  recycling  REEs.

Conventional hydrometallurgy employs chemicals such as strong mineral acids, where magnet alloys

are dissolved and the REEs are selectively  precipitated  with sulphates,  oxalates,  or fluorides.  In

contrast,  a  pyrometallurgical  approach  requires  high-temperature  routes  and includes  electroslag

refining, liquid metal extraction, glass slag method, direct melting, and gas-phase extraction methods
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(Binnemans  et  al.,  2015).  It  is  estimated  that  REEs  constitute  over  23  wt%  of  phosphors  in

fluorescent lamps (Tan et al., 2017). Innovative use of mechanical activation as a pretreatment for

the  recovery  of  REEs  from waste  phosphors  has  increased  the  leaching  rates  of  terbium (Tb),

lanthanum (La), and cerium (Ce), achieving a significant increase to approximately 90% (Tan et al.,

2017).  Recovery  of  REEs  from  other  wastes,  such  as  nickel-metal-hydride  batteries  and  lamp

phosphors, is technically feasible (Binnemans et al., 2013). For example, ceria can be separated and

extracted from glass polishing powder wastes; surfactant collector (sodium oleate) at a neutral pH

recovered up to 97.1% from a ceria-based abrasive (Wang et al., 2018b). 

In addition to conventional hydrometallurgical or pyrometallurgical processes, biotechnologies are

emerging as promising alternatives that have less environmental impacts, greater practicality with

respect  to  operation,  and  higher  cost-effectiveness  (Işıldar  et  al.,  2019).  Biologically  induced

leaching  (bioleaching)  from  various  matrices,  biomass-induced  sorption  (biosorption),  and

bioelectrochemical  systems are being explored for REEs recovery from WEEEs.  For example,  a

bioleaching process employing acidophilic and cyanogenic bacterial strains achieved lanthanum and

yttrium extraction at a yield of 80% from shredded WEEE material (Marra et al., 2017).

6. Prospects and future research

As improper storage and disposal of potentially toxic elements-containing solid wastes could lead to

severe degradation of the environment and deleterious consequences to human health, strengthening

waste  management  systems,  as  well  as  developing  alternative  techniques  in  recycling  valuable

resources,  are required to tackle this  problem. With regard to waste streams, measures could be

implemented  from  source  reduction,  contaminant  isolation,  resource  recycling,  and  waste

stabilization. Therefore, an integrated and sustainable waste management system is recommended, to

maximize resource utilization efficiency and minimize the impact on the environment. Research into

more  effective  contamination  mitigation  measures  during  waste  treatment  (such as  air  pollution
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control devices for incineration and permeable reactive barrier for landfill) are encouraged, while

more advanced techniques are urged to stabilize or safely dispose of these secondary products (e.g.,

incineration ashes and combustion residues). 

Although numerous treatment  methods have emerged in recent  years,  environmental  impact  and

economical cost may still be the major concerns. The prospect for future development should focus

on  green  and  sustainable  remediation,  where  implementation  is  incorporated  into  sustainable

strategies, to restore contaminated solid wastes for productive use, with reduced associated costs and

environmental  burdens.  Green  and  sustainable  remediation  also  help  formulate  strategies  in

exploring the relationships  among regulation,  economics,  and technology.  Besides,  prior  to final

waste disposal, the technology-critical, radioactive, and rare earth elements should be prioritised for

resource  recovery.  The  development  in  both  technology  and  management/policy  aspects  are

necessary for meeting the United Nation’s Sustainable Development Goals. 

In addition, the valorisation or re-exploration of valuable resources from existing waste is attracting

more attention. Some innovative waste recycling approaches, such as landfill mining (Burlakovs et

al., 2018) and sustainable biorefinery from waste biomass (Chen et al., 2017; Cao et al., 2018; Yu et

al,.  2019),  are  now  emerging  to  substitute  conventional  resource  exploration  and  chemical

production. In this regard, prudent safety assessment and measures for landfill mining and industrial

operation  are  in  need  to  avoid  possible  potentially  toxic  elements  leaching  to  water  streams or

aerosols during excavation, sorting/separation, and extraction/conversion. Life cycle assessment and

techno-economic  investigations  into  various  approaches  are  needed  to  reduce  economic  cost,

decrease environmental impacts, and devise sustainable strategies for the management of potentially

toxic elements-containing solid wastes. 
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7. Conclusions

This  paper  critically  reviews  the  fate,  risks,  and  management  approaches  of  potentially  toxic

elements in solid waste streams. It summarises the flows and contents of potentially toxic elements in

three typical solid wastes, specifically municipal solid wastes, electronic wastes, and industrial solid

wastes. In particular, toxic metal(loid)s, radioactive elements, and rare earth elements are critically

reviewed with respect to their patterns of transport, transformation, risks in a changing environment,

as well as their corresponding management approaches. 

It should be recognised that municipal solid waste is one of the largest components of waste streams.

Incineration and landfill are two major treatment methods for municipal solid waste. For incineration

of municipal solid waste, the potentially toxic elements in the waste are concentrated in fly ash and

bottom ash, whereas for landfill method, the concentrations of the toxic materials also increased in

landfill sites after waste degradation, especially in closed landfill sites. Electronic waste has drawn

increasing attention due to the short lifespan of electrical and electronic products. The potentially

toxic elements in e-waste are not reduced with other organic wastes during landfilling, but instead,

are  accumulated,  transported,  and  diffused  into  soil  pore  water  and  thereby  threaten  the  soil

ecosystem. Industrial solid wastes derived from numerous manufacturing and processing activities

are also critical sources of potentially toxic elements. Industrial solid wastes usually contain more

homogeneous forms of potentially toxic elements albeit at high concentrations. Therefore, specific

treatment methods should be designed for different industrial solid wastes.

The commonly encountered toxic metals, chromium, arsenic, selenium, cadmium, mercury, and lead

are comprehensively reviewed in this paper. These elements have similar but distinctive physical,

chemical, and toxic characteristics. Different treatments and recycling methods for toxic metals are

discussed,  including  metal  immobilisation,  chemical  extraction,  electrochemical  treatment,

biosorption,  and transformation  into valuable  materials.  In addition,  radioactive  wastes including
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uranium, radium, thorium, and potassium have become one of the most serious sources of pollution

for  ecosystems.  To  tackle  the  grave  environmental  risks  of  radioactive  wastes,

stabilisation/solidification,  backfilling,  containment,  and  biotechnology  methods  as  mainstream

technologies are used, whereas recycling methods are not yet mature. For radioactive tailings with

relatively  low  risks,  biochemical  repair,  phytoremediation  methods,  and  other  comprehensive

methods can be potential  treatment  technologies.  Rare earth elements  are mainly produced from

natural rare earth ore and industrial  wastes (e.g.,  coal combustion residues and industrial  sewage

sludge). However, rare earth element mining and extraction processes are usually accompanied by

emission of radioactive wastes, which leads to potential environmental risks. As rare earth elements

are valuable materials, urban mining is emerging as a means of recycling rare earth elements from

solid wastes rather than disposing of them.

Based on a holistic understanding of the dynamic fate of potentially toxic elements and a review of

existing management options, the development of an integrated and sustainable waste management

system is required for resource recovery, waste minimisation, and environmental decontamination. It

is imperative to develop novel and advanced treatment technologies for achieving high-efficiency

and cost-effective potentially toxic elements removal, recycling, and/or immobilisation methods for

different solid wastes. Furthermore, life-cycle analysis and cost-benefit assessment can advise further

improvements in energy consumption and the associated carbon footprint. Sustainable remediation,

low-carbon treatments,  and resource recovery of  solid  wastes  are  recommended for  meeting  the

sustainable development goals. 

 

8. Acknowledgment

The authors  appreciate  the financial  support  from the  Hong Kong Research Grants  Council  (E-

PolyU503/17 and PolyU 15223517) for this study.

   43

1073

1074

1075

1076

1077

1078

1079

1080

1081

1082

1083

1084

1085

1086

1087

1088

1089

1090

1091

1092

1093

1094

1095

1096

1097

1098

43



9. References

Abramov, S., He, J., Wimmer, D., Lemloh, M. L., Muehe, E. M., Gann, B., Roehmb, E.,

Kirchhoff, E., Babechukg,M. G., Schoenbergg R., Thorwarthf, H, Hellee, T., Kapple,

A.,   Thorwarth,  H.,  2018.  Heavy  metal  mobility  and  valuable  contents  of

processed  municipal  solid  waste  incineration  residues  from  Southwestern

Germany. Waste Management, 79, 735-743.

Adelopo, A. O., Haris, P. I., Alo, B. I., Huddersman, K., Jenkins, R. O., 2018. Multivariate

analysis of the effects of age, particle size and landfill depth on heavy metals

pollution  content  of  closed  and  active  landfill  precursors. Waste

Management, 78, 227-237.

Ahmad, T., Park, J., Keel, S., Yun, J., Lee, U., Kim, Y., Lee, S. S., 2018. Behavior of heavy

metals  in  air  pollution  control  devices  of  2,400  kg/h  municipal  solid  waste

incinerator. Korean Journal of Chemical Engineering, 35, 1823-1828.

Aliyu,  A.  S.,  Ibrahim,  U.,  Akpa,  C.  T.,  Garba,  N.  N.,  Ramli,  A.  T.,  2015.  Health  and

ecological  hazards  due  to  natural  radioactivity  in  soil  from  mining  areas  of

Nasarawa State, Nigeria. Isotopes in environmental and health studies, 51, 448-

468.

   44

1099

1100

1101

1102

1103

1104

1105

1106

1107

1108

1109

1110

1111

1112

1113

1114

1115

44



Antoniadis, V., Shaheen, S. M., Levizou, E., Shahid, M., Niazi, N. K., Vithanage, M., Ok,

Y.S., Bolan, N., Rinklebe, J., 2019. A critical prospective analysis of the potential

toxicity of trace element regulation limits in soils worldwide: Are they protective

concerning health  risk  assessment?-A review.  Environment international,  127,

819-847.

Ashraf, A., Bibi, I., Niazi, N. K., Ok, Y. S., Murtaza, G., Shahid, M., Kunhikrishnan, A., Li,

D.,  Mahmood,  T.,  2017.  Chromium  (VI)  sorption  efficiency  of  acid-activated

banana  peel  over  organo-montmorillonite  in  aqueous  solutions.  International

journal of phytoremediation, 19, 605-613.

Awasthi, A. K., Pandey, A. K., Khan, J., 2017. An eco-friendly approach for minimizing

pollution of metal from municipal solid waste leachate in India. Journal of Cleaner

Production, 140, 1618-1625.

Bartov,  G.,  Deonarine,  A.,  Johnson,  T.  M.,  Ruhl,  L.,  Vengosh,  A.,  Hsu-Kim, H.,  2012.

Environmental impacts of the Tennessee Valley Authority Kingston coal ash spill.

1. Source apportionment using mercury stable isotopes. Environmental science &

technology, 47(4), 2092-2099.

Beckers, F., Awad, Y. M., Beiyuan, J., Abrigata, J., Mothes, S., Tsang, D. C. W, Ok, Y.S.,

Rinklebe, J., 2019. Impact of biochar on mobilization, methylation, and ethylation

   45

1116

1117

1118

1119

1120

1121

1122

1123

1124

1125

1126

1127

1128

1129

1130

1131

1132

1133

45



of mercury under dynamic redox conditions in a contaminated floodplain soil.

Environ. Int. 127, 276-290.

Beiyuan,  J.,  Tsang,  D.C.W.,  Ok,  Y.S.,  Zhang,  W.,  Yang,  X.,  Baek,  K.,  Li,  X.D.,  2016.

Integrating  EDDS-enhanced  washing  with  low-cost  stabilization  of  metal-

contaminated soil from an e-waste recycling site. Chemosphere, 159, 426-432.

Beiyuan,  J.,  Tsang,  D.C.W.,  Valix,  M.,  Zhang, W.,  Yang,  X.,  Ok,  Y.S.,  Li,  X.D,  2017a.

Selective dissolution followed by EDDS washing of an e-waste contaminated soil:

Extraction  efficiency,  fate  of  residual  metals,  and  impact  on  soil  quality.

Chemosphere, 166, 489-496. 

Beiyuan, J., Li, J.S., Tsang, D.C.W., Wang, L., Poon, C.S., Li, X.D., Fendorf, S, 2017b. Fate

of arsenic before and after chemical-enhanced washing of an arsenic-containing

soil in Hong Kong. Sci. Total. Environ. 599-600, 679-688. 

 Beiyuan,  J.,  Awad,  Y.M.,  Beckers,  F.,  Tsang,  D.C.W.,  Ok,  Y.S.,  Rinklebe,  J.,  2017c.

Mobility and phytoavailability of  As and Pb in a contaminated soil  using pine

sawdust  biochar  under systematic  change of  redox conditions.  Chemosphere,

178, 110-118.

Bowker,  K.  A.,  2007.  Barnett  shale  gas  production,  Fort  Worth  Basin:  Issues  and

discussion. AAPG bulletin, 91, 523-533.

   46

1134

1135

1136

1137

1138

1139

1140

1141

1142

1143

1144

1145

1146

1147

1148

1149

1150

1151

46



Budihardjo,  M.  A.,  Noveandra,  K.,  Samadikun,  B.  P.,  2018.  Characteristic  of  total

suspended  particulate  (TSP)  containing  Pb  and  Zn  at  solid  waste  landfill.

In Journal  of  Physics:  Conference  Series (Vol.  1022,  No.  1,  p.  012030).  IOP

Publishing.

Burlakovs, J., Jani, Y., Kriipsalu, M., Vincevica-Gaile, Z., Kaczala, F., Celma, G. Ozolab, R.,

Rozinab, L., Rudovicab, V., Hoglanda, M., Viksnab, A., Pehmec, K., Hoglanda, W.,

Klavins, M., 2018. On the way to ‘zero waste’management: Recovery potential of

elements, including rare earth elements, from fine fraction of waste. Journal of

Cleaner Production, 186, 81-90.

Cao, L., Yu, I.K.M., Chen, S.S., Tsang, D.C.W., Wang, L., Xiong, X., Zhang, S., Ok, Y.S.,

Kwon,  E.E.,  Song,  H.,  Poon,  C.S.,  2018.  Production of  5-hydroxymethylfurfural

from  starch-rich  food  waste  catalyzed  by  sulfonated  biochar.  Bioresource

Technol., 252, 76-82.

Chen, K., He, Y., Srinivasakannan, C., Li, S., Yin, S., Peng, J., Guo, S., Zhang, L., 2019.

Characterization  of  the  interaction  of  rare  earth  elements  with  P507  in  a

microfluidic  extraction  system  using  spectroscopic  analysis. Chemical

Engineering Journal, 356, 453-460.

   47

1152

1153

1154

1155

1156

1157

1158

1159

1160

1161

1162

1163

1164

1165

1166

1167

1168

47



Chen, L., Wang, L., Cho, D.W., Tsang, D.C.W., Tong, L., Zhou, Y., Yang, J., Hu, Q., Poon,

C.S.,  2019.  Sustainable  stabilization/solidification  of  municipal  solid  waste

incinerator fly ash by incorporation of green materials. J. Clean. Prod., 222, 335-

343.

Chen, S.S., Maneerung, T., Tsang, D.C.W., Ok, Y.S., Wang, C.H., 2017. Valorization of

biomass to hydroxymethylfurfural, levulinic acid, and fatty acid methyl ester by

heterogeneous catalysts. Chem. Eng. J., 328, 246-273.

Cossu, R., 2013. Editorial — the urban mining concept. Waste Manag. 33, 497–498.

De Angelis, G., Medici, F., 2012. Reuse of slags containing lead and zinc as aggregate in

a  Portland  Cement  matrix. The  Journal  of  Solid  Waste  Technology  and

Management, 38, 117-123.

Déjeant, A., Bourva, L., Sia, R., Galoisy, L., Calas, G., Phrommavanh, V., Descostes, M.,

2014. Field analyses of 238U and 226Ra in two uranium mill tailings piles from

Niger using portable HPGe detector. Journal of environmental radioactivity, 137,

105-112.

de Medeiros Engelmann, P., dos Santos, V. H. J. M., Moser, L. I., do Canto Bruzza, E.,

Barbieri,  C.  B.,  Barela,  P.  S.,  ...  &  Ketzer,  J.  M.  M.  (2017).  Environmental

monitoring of water resources around a municipal landfill of the Rio Grande do

   48

1169

1170

1171

1172

1173

1174

1175

1176

1177

1178

1179

1180

1181

1182

1183

1184

1185

1186

48



Sul  state,  Brazil.  Environmental  Science  and  Pollution  Research,  24,  21398-

21411.

Deonarine,  A.,  Bartov,  G.,  Johnson,  T.  M.,  Ruhl,  L.,  Vengosh,  A.,  Hsu-Kim, H.,  2013.

Environmental       impacts of the Tennessee Valley Authority Kingston coal ash

spill. 2. Effect of coal ash on methylmercury in historically contaminated river

sediments. Environmental science & technology, 47, 2100-2108.

Du, B., Li, J., Fang, W., Liu, Y., Yu, S., Li, Y., Liu, J., 2018. Characterization of naturally

aged cement-solidified MSWI fly ash. Waste Management, 80, 101-111.

Dutta, T., Kim, K. H., Uchimiya, M., Kwon, E. E., Jeon, B. H., Deep, A., Yun, S. T., 2016.

Global  demand  for  rare  earth  resources  and  strategies  for  green

mining. Environmental Research, 150, 182-190.

Espinosa, D. C. R., Tenorio, J. A. S., 2001. Thermal behavior of chromium electroplating

sludge. Waste management, 21, 405-410.

Fang, L., Li, J.S., Donatello, S., Cheeseman, C.R., Wang, Q., Poon, C.S., Tsang, D.C.W.,

2018. Recovery of phosphorus from incinerated sewage sludge ash by combined

two-step extraction and selective precipitation. Chem. Eng. J., 348, 74-83.

   49

1187

1188

1189

1190

1191

1192

1193

1194

1195

1196

1197

1198

1199

1200

1201

1202

49



Fang, S., Tsang, D.C.W., Zhou, F., Zhang, W., Qiu, R., 2016. Stabilization of cationic and

anionic  metal  species  in  contaminated  soils  using  sludge-derived  biochar.

Chemosphere, 149, 363-271.

Fathollahzadeh, H.,  Becker,  T.,  Eksteen, J.  J.,  Kaksonen, A. H.,  Watkin, E.  L.,  2018a.

Microbial  contact  enhances  bioleaching  of  rare  earth  elements. Bioresource

Technology Reports, 3, 102-108.

Fathollahzadeh,  H.,  Hackett,  M.  J.,  Khaleque,  H.  N.,  Eksteen,  J.  J.,  Kaksonen,  A.  H.,

Watkin, E. L., 2018b. Better together: Potential of co-culture microorganisms to

enhance  bioleaching  of  rare  earth  elements  from  monazite. Bioresource

Technology Reports, 3, 109-118.

Feng, W., Wan, Z., Daniels, J., Li, Z., Xiao, G., Yu, J., Xu, D., Guo, H., Zhang, D., May, E.

F., Li, G. K., 2018. Synthesis of high quality zeolites from coal fly ash: Mobility of

hazardous  elements  and  environmental  applications. Journal  of  Cleaner

Production, 202, 390-400.

Funari,  V.,  Mäkinen,  J.,  Salminen,  J.,  Braga,  R.,  Dinelli,  E.,  Revitzer,  H.,  2017.  Metal

removal from Municipal Solid Waste Incineration fly ash: A comparison between

chemical leaching and bioleaching. waste management, 60, 397-406.

   50

1203

1204

1205

1206

1207

1208

1209

1210

1211

1212

1213

1214

1215

1216

1217

1218

1219

50



Gaidajis,  G.,  Angelakoglou,  K.,  &  Aktsoglou,  D.  (2010).  E-waste:  environmental

problems  and  current  management. Journal  of  Engineering  Science  and

Technology Review, 3(1), 193-199.

Gautam, Y. P., Kumar, A., Sharma, A. K., Ravi, P. M., Tripathi, R. M., 2015. Evaluation of

internal dose, due to the ingestion of primordial radionuclide 40K around Narora

site, India. Ambit Journal of Research in Environmental Studies, 1, 1-12.

Gazineu, M. H., Hazin, C. A., 2008. Radium and potassium-40 in solid wastes from the

oil industry. Appl Radiat Isot, 66, 90-94.

Godlewska, P., Schmidt, H. P., Ok, Y. S., Oleszczuk, P., 2017. Biochar for composting

improvement and contaminants reduction. A review. Bioresour. Technol.,  246,

193-202.

Hood, M. M., Taggart, R. K., Smith, R. C., Hsu-Kim, H., Henke, K. R., Graham, U. M.,

Groppo, J. G., Unrine, J. M., Hower, J. C., 2017. Rare earth element distribution in

fly  ash  derived  from  the  Fire  Clay  coal,  Kentucky. Coal  Combustion  and

Gasification Products, 9, 22-23.

Hower,  J.C.,  Granite,  E.J.,  May  eld,  D.,  Lewis,  A.,  Finkelman,  R.B.,  2016.  Notes  on

contributions to the science of rare earth element enrichment. Minerals 6. doi:

10.3390/min6020032.

   51

1220

1221

1222

1223

1224

1225

1226

1227

1228

1229

1230

1231

1232

1233

1234

1235

1236

1237

51



Hower, J. C., Hood, M. M., Taggart, R. K., Hsu-Kim, H., 2017. Chemistry and petrology of

paired  feed  coal  and  combustion  ash  from  anthracite-burning  stoker

boilers. Fuel, 199, 438-446.

Hower, J. C., Qian, D., Briot, N. J., Henke, K. R., Hood, M. M., Taggart, R. K., Hsu-Kim, H.,

2018. Rare earth element associations in the Kentucky State University stoker

ash. International Journal of Coal Geology, 189, 75-82.

Hu, Y., Cheng, H., Tao, S.,  2018. The growing importance of waste-to-energy (WTE)

incineration in China's anthropogenic mercury emissions:  Emission inventories

and reduction strategies. Renewable and Sustainable Energy Reviews, 97, 119-

137.

Huang, C. L., Bao, L. J., Luo, P., Wang, Z. Y., Li, S. M., Zeng, E. Y., 2016. Potential health

risk for residents around a typical e-waste recycling zone via inhalation of size-

fractionated particle-bound heavy metals. Journal  of  hazardous materials, 317,

449-456.

IAEA, 2010. Handbook of Parameter Values for the Prediction of Radionuclide Transfer

in Terrestrial  and freshwater Environments. Technical  Reports Series No. 472,

IAEA, Vienna.

   52

1238

1239

1240

1241

1242

1243

1244

1245

1246

1247

1248

1249

1250

1251

1252

1253

1254

52



IAEA, 2014. Radiation Protection and Safety of Radiation Sources: International Basic

Safety Standards. General Safety Requirements Part 3.

Igalavithana,  A. D.,  Kwon, E. E.,  Vithanage, M.,  Rinklebe, J.,  Moon, D. H.,  Meers, E.,

Tsang, D.C.W., Ok, Y. S., 2019. Soil lead immobilization by biochars in short-term

laboratory incubation studies. Environ. Int. 127, 190-198.

Işıldar, A., van Hullebusch, E. D., Lenz, M., Du Laing, G., Marra, A., Cesaro, A., Panda, S.,

Akcil, A., Kucukeri, M. A., Kuchtai, K., 2018. Biotechnological strategies for the

recovery  of  valuable  and  critical  raw  materials  from  waste  electrical  and

electronic equipment (WEEE)–A review. Journal of hazardous materials

Izquierdo, M., Querol, X., 2012. Leaching behaviour of elements from coal combustion

fly ash: an overview. International Journal of Coal Geology, 94, 54-66

James, J. P., Dileep, B. N., Ravi, P. M., Joshi, R. M., Ajith, T. L., Hegde, A. G., Sarkar, P. K.,

2011. Soil to leaf transfer factor for the radionuclides 226Ra, 40K, 137Cs and

90Sr at  Kaiga region,  India. Journal  of  environmental  radioactivity, 102,  1070-

1077.

Jeon,  E.K.,  Ryu,  S.,  Park,  S.W.,  Wang,  L.,  Tsang,  D.C.W.,  Baek,  K.,  2018.  Enhanced

adsorption of arsenic onto alum sludge modified by calcination. J. Clean. Prod.,

176, 54-62.

   53

1255

1256

1257

1258

1259

1260

1261

1262

1263

1264

1265

1266

1267

1268

1269

1270

1271

1272

53



Jiang, B., Adebayo, A., Jia, J.,  Xing, Y., Deng, S., Guo, L., Liang, Y., Zhang, D., 2019.

Impacts of heavy metals and soil properties at a Nigerian e-waste site on soil

microbial community. Journal of hazardous materials, 362, 187-195.

Ke, C.,  Ma, X.,  Tang, Y.,  Tang, F., Zheng, W., 2019. Effects of natural  and modified

calcium-based  sorbents  on  heavy  metals  of  food  waste  under  oxy-fuel

combustion. Bioresource technology, 271, 251-257.

Khan, H. M., Ismail, M., Khan, K., Akhter, P., 2011. Measurement of radionuclides and

gamma-ray dose rate in soil and transfer of radionuclides from soil to vegetation,

vegetable of some northern area of pakistan using γ-Ray spectrometry. Water,

Air, & Soil Pollution, 219(1-4), 129-142.

Kim, B. J., Jang, J. G., Park, C. Y., Han, O. H., Kim, H. K., 2016. Recycling of arsenic-rich

mine  tailings  in  controlled  low-strength  materials. Journal  of  Cleaner

Production, 118, 151-161.

Kirkelund, G. M., Jensen, P. E., 2018. Electrodialytic treatment of Greenlandic municipal

solid waste incineration fly ash. Waste Management, 80, 241-251.

Kuchar, D., Fukuta, T., Kubota, M., Matsuda, H., 2010. Recovery of Cu, Zn, Ni and Cr

from  plating  sludge  by  combined  sulfidation  and  oxidation  treatment. Int  J

Environ Sci Eng, 2, 62-66.

   54

1273

1274

1275

1276

1277

1278

1279

1280

1281

1282

1283

1284

1285

1286

1287

1288

1289

1290

54



Kumarasinghe, U., Sakamoto, Y., Saito, T., Nagamori, M., Herath, C. K. G., Mowjood, M.

I. M., Kawamoto, K., 2017. Simulation of two-dimensional heavy metal transport

in  an  aquifer  at  solid  waste  dumpsite:  estimating  the  effectiveness  of  a

permeable  reactive  barrier  on  heavy  metal  pollution  control. International

Journal, 13, 01-08.

Kwon, E. E., Lee, T., Ok, Y. S., Tsang, D. C., Park, C., Lee, J., 2018. Effects of calcium

carbonate on pyrolysis of sewage sludge. Energy, 153, 726-731.

Lee, E., Han, Y., Park, J., Hong, J., Silva, R. A., Kim, S., Kim, H., 2015. Bioleaching of

arsenic  from  highly  contaminated  mine  tailings  using  Acidithiobacillus

thiooxidans. Journal of Environmental Management, 147, 124-131.

Li, F., Jinxu, Y., Shao, L., Zhang, G., Wang, J., Jin, Z., 2018a. Delineating the origin of Pb

and Cd in the urban dust through elemental and stable isotopic ratio: A study

from Hangzhou City, China. Chemosphere, 211, 674-683.

Li,  H.,  Zhang, M.,  Zhu,  L.,  Yang,  J.,  2018b. Stability of  mercury on a novel  mineral

sulfide sorbent  used for efficient  mercury  removal  from coal  combustion flue

gas. Environmental Science and Pollution Research, 25, 28583-28593.

Li,  G. Y.,  Hu, N.,  Ding, D. X.,  Zheng, J.  F.,  Liu,  Y. L.,  Wang, Y. D., Nie, X. Q., 2011.

Screening of plant species for phytoremediation of uranium, thorium, barium,

   55

1291

1292

1293

1294

1295

1296

1297

1298

1299

1300

1301

1302

1303

1304

1305

1306

1307

1308

55



nickel,  strontium  and  lead  contaminated  soils  from  a  uranium  mill  tailings

repository  in  South  China. Bulletin  of  environmental  contamination  and

toxicology, 86, 646-652.

Li,  J.S.,  Beiyuan,  J.,  Tsang,  D.C.W.,  Wang,  L.,  Poon,  C.S.,  Li,  X.D.,  Fendorf,  S,  2017.

Arsenic-containing  soil  from  geogenic  source  in  Hong  Kong:  Leaching

characteristics and stabilization/solidification. Chemosphere, 182, 31-39.

Li, J., Wang, S. L., Zheng, L., Chen, D., Wu, Z., Xie, Y., Wu, W., Niazi, N.K., Ok, Y.S.,

Rinklebe, J., Wang, H., 2019. Sorption of lead in soil amended with coconut fiber

biochar: Geochemical and spectroscopic investigations. Geoderma, 350, 52-60.

Liang, L., Feng, Z., Ma, Q., 2014. Study on the Occurrence and Activity of Uranium in a

Uranium Tailings Reservoir in Hunan Province. Environmental Pollution Control,

2, 11-14.

Lima, J. Z., Raimondi, I. M., Schalch, V., Rodrigues, V. G., 2018. Assessment of the use

of organic composts derived from municipal solid waste for the adsorption of Pb,

Zn and Cd. Journal of environmental management, 226, 386-399.

Liu, D. G., Min, X. B., Ke, Y., Chai, L. Y., Liang, Y. J., Li, Y. C., Yao, L. W., Wang, Z. B.,

2018.  Co-treatment  of  flotation  waste,  neutralization  sludge,  and  arsenic-

containing  gypsum sludge  from copper  smelting:  solidification/stabilization  of

   56

1309

1310

1311

1312

1313

1314

1315

1316

1317

1318

1319

1320

1321

1322

1323

1324

1325

1326

56



arsenic and heavy metals with minimal cement clinker. Environmental Science

and Pollution Research, 25, 7600-7607.

Liu,  Y.  T.,  Chen,  T.  Y.,  Mackebee,  W.  G.,  Ruhl,  L.,  Vengosh,  A.,  Hsu-Kim,  H.,  2013.

Selenium  speciation  in  coal  ash  spilled  at  the  Tennessee  Valley  Authority

Kingston site. Environmental science & technology, 47, 14001-14009.

Mandal, B. K., Suzuki, K. T., 2002. Arsenic round the world: a review. Talanta, 58, 201-

235.

Mandal, S., Sarkar, B., Bolan, N., Ok, Y. S., Naidu, R., 2017. Enhancement of chromate

reduction  in  soils  by  surface  modified  biochar.  Journal  of  environmental

management, 186, 277-284.

Manon, K., Mathieu, G., Denise, B., Maria, L. T., Laurent, M., Maria-Chiara, Q., Rémy, G.,

2019. Leaching behavior of major and trace elements from sludge deposits of a

French vertical flow constructed wetland. Science of The Total Environment, 649,

544-553.

Marra, A., Cesaro, A., Rene, E. R., Belgiorno, V., Lens, P. N., 2018. Bioleaching of metals

from  WEEE  shredding  dust. Journal  of  environmental  management, 210,  180-

190.

   57

1327

1328

1329

1330

1331

1332

1333

1334

1335

1336

1337

1338

1339

1340

1341

1342

1343

57



Meija, J., Coplen, T. B., Berglund, M., Brand, W. A., De Bièvre, P., Gröning, M., Holden, N.

E., Irrgeher, J., Loss, R. D., Walczyk, T., Prohaska, T., 2016. Isotopic compositions

of the elements 2013 (IUPAC Technical Report). Pure and Applied Chemistry, 88.

McDougall,  F.  R.,  White,  P.,  Franke,  M.,  Hindle,  P.,  2001.  Integrated  solid  waste

management. A  life  cycle  inventory.  Procter  &  Gamble  Technical  Centres

Limited.

Mishra, D. P., Sahu, P., Panigrahi, D. C., Jha, V., Patnaik, R. L., 2014. Assessment of 222

Rn  emanation  from  ore  body  and  backfill  tailings  in  low-grade  underground

uranium mine. Environmental Science and Pollution Research, 21, 2305-2312.

Mohanty, S.K., Valenca, R., Berger, A., Yu, I.K.M., Xiong, X., Saunders, T., Tsang, D.C.W.,

2018. Plenty of room for carbon on the ground: Potential applications of biochar

for stormwater treatment. Sci. Total Environ. 625, 1644-1658.

Niazi,  N. K.,  Bibi,  I.,  Shahid, M.,  Ok, Y.  S.,  Burton, E. D.,  Wang, H.,  Shaheen, S. M.,

Rinklebe, J.,   Lüttge, A., 2018. Arsenic removal by perilla leaf biochar in aqueous

solutions  and  groundwater:  an  integrated  spectroscopic  and  microscopic

examination. Environ. Pollut.  232, 31-41.

O'Connor, D., Hou, D., Ok, Y. S., Mulder, J., Duan, L., Wu, Q., Wang, S., Tack, F.M.G.,

Rinklebe,  J.,  2019.  Mercury  speciation,  transformation,  and  transportation  in

   58

1344

1345

1346

1347

1348

1349

1350

1351

1352

1353

1354

1355

1356

1357

1358

1359

1360

1361

58



soils, atmospheric flux, and implications for risk management: A critical review.

Environment international, 126, 747-761.

Ok, Y. S., Kim, S. C., Kim, D. K., Skousen, J. G., Lee, J. S., Cheong, Y. W., Kim, S. J., Yang,

J.  E., 2011. Ameliorants to immobilize Cd in rice paddy soils contaminated by

abandoned metal mines in Korea. Environ. Geochem. Health 33, 23-30.

Qian, G.,  Yang, X., Dong, S.,  Zhou, J.,  Sun, Y.,  Xu, Y.,  Liu, Q., 2009. Stabilization of

chromium-bearing  electroplating  sludge  with  MSWI  fly  ash-based  Friedel

matrices. Journal of hazardous materials, 165, 955-960.

Rabitsch, H., Pichl, E., 2008. Lifetime accumulation of (137)Cs and (40)K in the ribs and

sternum of an Austrian "mountain pasture" cow. J Environ Radioact, 99, 1846-

1852.

Rajapaksha, A.U., Alam, M.S., Chen, N., Alessi, D.S., Igalavithana, A.D., Tsang, D.C.W.,

Ok,  Y.S.,  2018.  Removal  of  hexavalent  chromium in  aqueous  solutions  using

biochars:  Chemical  and  spectroscopic  investigations.  Sci.  Total  Environ.  625,

1567-1573.

Rajapaksha, A. U., Vithanage, M., Ok, Y. S., Oze, C., 2013. Cr (VI) formation related to Cr

(III)-muscovite and birnessite interactions in ultramafic environments.  Environ.

Sci. Technol. 47, 9722-9729.

   59

1362

1363

1364

1365

1366

1367

1368

1369

1370

1371

1372

1373

1374

1375

1376

1377

1378

1379

59



Rizwan, M., Ali, S., Rizvi, H., Rinklebe, J., Tsang, D.C.W., Meers, E., Ok, Y.S., Ishaque, W.,

2016. Phytomanagement of heavy metals in contaminated soils using sunflower

– A review. Crit. Rev. Environ. Sci. Technol., 46, 1498-1528.

Rizwan, M., Ali, S., Adrees, M., Ibrahim, M., Tsang, D.C.W., Zia-ur-Rehman, M., Zahirc,

Z.A.,  Rinklebe,  J.,  Tack,  F.M.G.,  Ok,  Y.  S.,  2017.  A  critical  review on  effects,

tolerance  mechanisms  and  management  of  cadmium  in  vegetables.

Chemosphere, 182, 90-105.

Rizwan, M., Ali, S., Rehman, M.Z., Rinklebe, J., Tsang, D.C.W., Bashir, A., Maqbool, A.,

Tack,  F.M.G., Ok, Y.S.,  2018. Cadmium phytoremediation potential  of Brassica

crop species: A review. Sci. Total Environ., 631-632, 1175-1191.

Ruhl, L., Vengosh, A., Dwyer, G. S., Hsu-Kim, H., Schwartz, G., Romanski, A., Smith, S.

D., 2012. The impact of coal combustion residue effluent on water resources: a

North Carolina example. Environmental science & technology, 46, 12226-12233.

Saikia, N., Cornelis, G., Cizer, Ö., Vandecasteele, C., Van Gemert, D., Van Balen, K., Van

Gerven, T.,  2012. Use of Pb blast furnace slag as a partial substitute for fine

aggregate  in  cement  mortar. Journal  of  Material  Cycles  and  Waste

Management, 14, 102-112.

   60

1380

1381

1382

1383

1384

1385

1386

1387

1388

1389

1390

1391

1392

1393

1394

1395

1396

60



Santos, E. A., Ladeira, A. C., 2011. Recovery of uranium from mine waste by leaching

with carbonate-based reagents. Environmental science & technology, 45, 3591-

3597.

Sas,  Z.,  Doherty,  R.,  Kovacs,  T.,  Soutsos,  M.,  Sha,  W.,  Schroeyers,  W.,  2017.

Radiological  evaluation  of  by-products  used  in  construction  and  alternative

applications; Part I. Preparation of a natural radioactivity database. Construction

and Building Materials, 150, 227-237.

Schroeyers, W., Sas, Z., Bator, G., Trevisi, R., Nuccetelli, C., Leonardi, F., Kovacs, T.,

2018.  The NORM4Building  database,  a  tool  for  radiological  assessment  when

using by-products in building materials. Construction and Building Materials, 159,

755-767.

Schwartz, G. E., Hower, J. C., Phillips, A. L., Rivera, N., Vengosh, A., Hsu-Kim, H., 2018.

Ranking Coal Ash Materials for Their Potential to Leach Arsenic and Selenium:

Relative Importance of Ash Chemistry and Site Biogeochemistry. Environmental

Engineering Science, 35, 7.

Sethurajan, M., van Hullebusch, E. D., Nancharaiah, Y. V., 2018. Biotechnology in the

management and resource recovery from metal  bearing solid wastes:  Recent

advances. Journal of environmental management, 211, 138-153.

   61

1397

1398

1399

1400

1401

1402

1403

1404

1405

1406

1407

1408

1409

1410

1411

1412

1413

1414

61



Shakoor,  M.B.,  Niazi,  N.K.,  Bibi,  I.,  Shahid,  M.,  Sharif,  F.,  Bashir,  S.,  Shaheen,  S.M.,

Wang, H., Tsang, D.C.W., Ok, Y.S., Rinklebe, J., 2018. Arsenic removal by natural

and chemically modified water melon rind in aqueous solutions and groundwater.

Sci. Total Environ., 645, 1444-1455.

Shi, D., Wang, P., Xu, X., Gu, L., Li, L., Ma, H., Hu, C., 2018. Effect of Source-Classified

Collection of Municipal Solid Waste on Heavy Metals and Pozzolanic Properties of

Incineration Residues. International Journal of Environmental Research, 12, 661-

670.

Singh, K. L., Sudhakar, G., Swaminathan, S. K., Rao, C. M., 2015a. Identification of elite

native  plants  species  for  phytoaccumulation  and  remediation  of  major

contaminants  in  uranium  tailing  ponds  and  its  affected  area. Environment,

Development and Sustainability, 17, 57-81.

Singh,  R.,  Singh,  S.,  Parihar,  P.,  Singh,  V.  P.,  Prasad,  S.  M.,  2015b.  Arsenic

contamination,  consequences  and  remediation  techniques:  a

review. Ecotoxicology and environmental safety, 112, 247-270.

Song, Q., Li, J., 2014. Environmental effects of heavy metals derived from the e-waste

recycling activities in China: A systematic review. Waste management, 34, 2587-

2594.

   62

1415

1416

1417

1418

1419

1420

1421

1422

1423

1424

1425

1426

1427

1428

1429

1430

1431

1432

62



Song,  Q.,  Wang,  Z.,  Li,  J.,  Duan,  H.,  2012.  Sustainability  evaluation  of  an  e-waste

treatment  enterprise  based  on  emergy  analysis  in  China. Ecological

engineering, 42, 223-231.

Sophia,  A.  C.,  Swaminathan,  K.,  2005.  Assessment  of  the  mechanical  stability  and

chemical leachability of immobilized electroplating waste. Chemosphere, 58, 75-

82.

Sun, J.T., Pan, L., Zhan, Y., Lu, H., Tsang, D.C.W., Liu, W.X., Wang, X.L., Li, X.D., Zhu,

L.Z.,  2016.  Contamination  of  phthalate  esters,  organochlorine  pesticides  and

polybrominated diphenyl ethers in agricultural soils from the Yangtze River Delta

of China. Sci. Total. Environ., 544: 670-676.

Sun, Y., Yu, I.K.M., Tsang, D.C.W., Cao, X., Lin, D., Wang, L., Graham, N.J.D., Alessi, D.S.,

Komarek,  M.,  Ok,  Y.S.,  Feng,  Y.,  Li,  X.D.,  2019.  Multifunctional  iron-biochar

composites for the removal of potentially toxic elements, inherent cations, and

hetero-chloride from hydraulic fracturing wastewater. Environ. Int. 124, 521-532.

Tabelin, C. B., Igarashi, T., Villacorte-Tabelin, M., Park, I., Opiso, E. M., Ito, M., Hiroyoshi,

N., 2018. Arsenic, selenium, boron, lead, cadmium, copper, and zinc in naturally

contaminated  rocks:  A  review  of  their  sources,  modes  of  enrichment,

   63

1433

1434

1435

1436

1437

1438

1439

1440

1441

1442

1443

1444

1445

1446

1447

1448

1449

63



mechanisms  of  release,  and  mitigation  strategies. Science  of  The  Total

Environment, 645, 1522-1553.

Taggart, R. K., Hower, J. C., Dwyer, G. S., Hsu-Kim, H., 2016. Trends in the rare earth

element content of US-based coal combustion fly ashes. Environmental science

& technology, 50, 5919-5926.

Tan, K., Liu, Z., Xia, L., Lv, J., Hu, H., 2012. The influence of fractal size distribution of

covers  on  radon  exhalation  from  uranium  mill  tailings. Radiation

Measurements, 47, 163-167.

Tan, Q., Deng, C., Li, J., 2017. Enhanced recovery of rare earth elements from waste

phosphors by mechanical  activation. Journal  of  cleaner production, 142,  2187-

2191.

Tang, Z., Zhang, L., Huang, Q., Yang, Y., Nie, Z., Cheng, J., Yang, J., Wang, Y., Chai, M.,

2015.  Contamination and risk of  heavy metals in  soils  and sediments from a

typical  plastic  waste  recycling  area  in  North  China. Ecotoxicology  and

environmental safety, 122, 343-351.

Tsang, D.C.W., Yip, A.C.K., 2014. Comparing chemical-enhanced washing and waste-

based stabilisation approach for soil  remediation. J.  Soils Sediments, 14, 936-

947. 

   64

1450

1451

1452

1453

1454

1455

1456

1457

1458

1459

1460

1461

1462

1463

1464

1465

1466

1467

64



Tsang,  D.C.W.,  Yip,  A.C.K.,  Olds,  W.E.,  Weber,  P.A.,  2014.  Arsenic  and  copper

stabilisation in a contaminated soil by coal fly ash and green waste compost.

Environ. Sci. Pollut. Res., 21, 10194-10204.

Tunsu, C., Petranikova, M., Gergorić, M., Ekberg, C., Retegan, T., 2015. Reclaiming rare

earth elements from end-of-life products: a review of the perspectives for urban

mining using hydrometallurgical unit operations. Hydrometallurgy, 156, 239-258.

Tye, A. M., Young, S. D., Crout, N. M. J., Zhang, H., Preston, S., Barbosa-Jefferson, V. L.,

Davison, W., McGrath, S. P., Paton, G. I., Kilham, K., Resende, L., 2003. Predicting

the activity of  Cd2+ and Zn2+ in soil  pore water from the radio-labile metal

fraction. Geochimica et Cosmochimica Acta, 67, 375-385.

Udayanga, W. C., Veksha, A., Giannis, A., Lisak, G., Chang, V. W. C., Lim, T. T., 2018.

Fate  and  distribution  of  heavy  metals  during  thermal  processing  of  sewage

sludge. Fuel, 226, 721-744.

United States Geological Survey mineral commodity summaries (Rare Earth) 2018.

Verma, P. C., Sharma, L.N., 1999. Potassium 40 in Narora environment. In: Proc. 24th

IARP Conference, pp. 257-258.

   65

1468

1469

1470

1471

1472

1473

1474

1475

1476

1477

1478

1479

1480

1481

1482

1483

65



Wang,  L.,  Tsang,  D.  C.,  Poon,  C.  S.,  2015.  Green  remediation  and  recycling  of

contaminated  sediment  by  waste-incorporated  stabilization/solidification.

Chemosphere, 122, 257-264.

Wang, L., Yu, K., Li, J. S., Tsang, D. C., Poon, C. S., Yoo, J. C., Baek, K., Ding, S., Hou, D.,

Dai, J. G., 2018a. Low-carbon and low-alkalinity stabilization/solidification of high-

Pb contaminated soil. Chemical Engineering Journal, 351, 418-427.

Wang, Y.S., Dai, J.G., Wang, L., Tsang, D.C.W., Poon, C.S., 2018b. Influence of lead on

stabilization/solidification  using  ordinary  Portland  cement  and  magnesium

phosphate cement. Chemosphere, 190, 90-96. 

Wang, L., Chen, L.; Tsang, D.C.W., Li, J.S., Yeung, T.L.Y., Ding, S., Poon, C.S., 2018c.

Green remediation of contaminated sediment by stabilization/solidification with

industrial  by-products  and CO2 utilization.  Sci.  Total  Environ.  631-632,  1321-

1327. 

Wang, L. Cho, D.W., Tsang, D.C.W., Cao, X., Hou, D., Shen, Z., Alessi, D.S., Ok, Y.S.,

Poon,  C.S.,  2019.  Green  remediation  of  As  and  Pb  contaminated  soil  using

cement-free clay-based stabilization/solidification. Environ. Int. 126, 336-345.

   66

1484

1485

1486

1487

1488

1489

1490

1491

1492

1493

1494

1495

1496

1497

1498

1499

66



Weibel,  G.,  Eggenberger,  U.,  Schlumberger,  S.,  Mäder,  U.  K.,  2017.  Chemical

associations and mobilization of  heavy metals in  fly ash from municipal  solid

waste incineration. Waste management, 62, 147-159.

Wu, Q., Leung, J. Y., Geng, X., Chen, S., Huang, X., Li, H., Huang, Z., Zhu, L., Chen, J., Lu,

Y.,  2015.  Heavy  metal  contamination  of  soil  and  water  in  the  vicinity  of  an

abandoned  e-waste  recycling  site:  implications  for  dissemination  of  heavy

metals. Science of the Total Environment, 506, 217-225.

Xiong, X., Yu, I.K.M., Cao, L., Tsang, D.C.W., Zhang, S., Ok, Y.S. A review of biochar-

based catalysts for chemical synthesis, biofuel production, and pollution control.

Bioresource Technol., 2017, 246, 254-270.

Xu, C., Chen, W., Hong, J., 2014. Life-cycle environmental and economic assessment of

sewage sludge treatment in China. Journal of Cleaner Production, 67, 79-87.

Xu,  S.,  2018.  The  situation  of  generation,  treatment  and  supervision  of  common

industrial  solid  wastes  in  China.  In IOP  Conference  Series:  Earth  and

Environmental Science (Vol. 113, No. 1, p. 012154). IOP Publishing.

Yamamura, S., Watanabe, M., Kanzaki, M., Soda, S., Ike, M., 2008. Removal of arsenic

from  contaminated  soils  by  microbial  reduction  of  arsenate  and

quinone. Environmental Science & Technology, 42, 6154-6159.

   67

1500

1501

1502

1503

1504

1505

1506

1507

1508

1509

1510

1511

1512

1513

1514

1515

1516

1517

67



Yang, Y., Ok, Y. S., Kim, K. H., Kwon, E. E., Tsang, Y. F., 2017. Occurrences and removal

of pharmaceuticals and personal care products (PPCPs) in drinking water and

water/sewage treatment plants: A review. Science of the Total Environment, 596,

303-320.

Yay, A. S. E., 2015. Application of life cycle assessment (LCA) for municipal solid waste

management: a case study of Sakarya. Journal of Cleaner Production, 94, 284-

293.

Yoo, J.C., Beiyuan, J., Wang, L., Tsang, D.C.W., Baek, K., Bolan, N.S., Ok, Y.S., Li, X.D,

2018.  A  combination  of  ferric  nitrate/EDDS-enhanced  washing  and  sludge-

derived  biochar  stabilization  of  metal-contaminated  soils.  Sci.  Total  Environ.,

616-617, 572-582.

Yu, I.K.M., Xiong, X., Tsang, D.C.W., Wang, L., Hunt, A.J., Song, H., Shang, J., Ok, Y.S.,

Poon, C.S., 2019. Aluminium-biochar composite as a sustainable heterogeneous

catalyst for glucose isomerization in biorefinery. Green Chem., 21, 1267-1281.

Zhang, P., Han, Z., Jia, J.,  Wei, C., Liu, Q., Wang, X., Zhou, J.,  Li,  F., Miao, S., 2017.

Occurrence and Distribution of Gallium, Scandium, and Rare Earth Elements in

Coal Gangue Collected from Junggar Basin, China. International Journal of Coal

Preparation and Utilization, 1-14.

   68

1518

1519

1520

1521

1522

1523

1524

1525

1526

1527

1528

1529

1530

1531

1532

1533

1534

1535

68



Zhang, Y., Leng, Z., Zou, F., Wang, L., Chen, S.S., Tsang, D.C.W., 2018a. Synthesis of

zeolite A using sewage sludge ash for application in warm mix asphalt. J. Clean.

Prod., 172, 686-695.

Zhang,  S.,  Lin,  X.,  Chen,  Z.,  Li,  X.,  Jiang,  X.,  Yan,  J.,  2018b.  Influence  on  gaseous

pollutants emissions and fly ash characteristics from co-combustion of municipal

solid waste and coal by a drop tube furnace. Waste Management, 81, 33-40.

Zhang, Y., Hou, D., O’Connor, D., Shen, Z., Shi, P., Ok, Y. S., Tsang, D.C.W., Wen, Y.,

Luo, M., 2019. Lead contamination in Chinese surface soils: Source identification,

spatial-temporal  distribution  and  associated  health  risks.  Crit.  Rev.  Env.  Sci.

Technol. 1-38.

Zhou,  J.,  Du,  B.,  Wang,  Z.,  Zhang,  W.,  Xu,  L.,  Fan,  X.,  Liu,  X.,  Zhou,  J.,  2019.

Distributions and pools of lead (Pb) in a terrestrial forest ecosystem with highly

elevated atmospheric Pb deposition and ecological  risks to insects. Science of

The Total Environment, 647, 932-941.

Zhou, Y., Liu, X., Xiang, Y., Wang, P., Zhang, J., Zhang, F., Wei, J., Luo, L., Lei, F., Tang,

L.,  2017,  Modification  of  biochar  derived from sawdust  and  its  application  in

removal  of  tetracycline  and  copper  from  aqueous  solution:  adsorption

mechanism and modelling. Bioresource technology, 245: 266-273.

   69

1536

1537

1538

1539

1540

1541

1542

1543

1544

1545

1546

1547

1548

1549

1550

1551

1552

1553

69



Zhu, X., Beiyuan, J., Lau, A.Y.T., Chen, S.S., Tsang, D.C.W., Graham, N.J.D., Lin, D., Sun,

J.T., Pan, Y., Yang, X., Li,  X.D.., 2018, Sorption, mobility, and bioavailability of

PBDEs in the agricultural  soils:  Roles of  co-existing metals,  dissolved organic

matter, and fertilizers. Sci. Total Environ., 619-620: 1153-1162.

   70

1554

1555

1556

1557

1558

1559

70


	1. Introduction
	2. Flow of metal-containing solid wastes
	3. Fate of toxic metal(loids) and their treatment
	3.1. Chromium
	3.2. Arsenic
	3.3. Selenium
	3.4. Cadmium
	3.5 Mercury
	3.6. Lead
	3.7 Treatment of metal(loid)-containing wastes

	4. Fate of radioactive elements and their treatment
	4.1 Uranium
	4.2. Radium
	4.3. Potassium
	4.4. Treatment of radioactive elements

	5. Fate of rare earth elements (REEs) and their treatment
	5. 1. Natural existence of REEs in mineral deposits
	5. 2 Recycling from coal combustion residues
	5.3. Recycling from other end-of-life products

	6. Prospects and future research
	7. Conclusions
	8. Acknowledgment
	9. References



